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ABSTRACT
Resprouting and reseeding shrubs are predicted to be restricted to habitats with long and
short return intervals of natural disturbances, respectively. Nonetheless, resprouters and
reseeders co-occur along Gulf of Mexico coastal ecoclines where lightning-ignited fires were
historically frequent. In this collection of studies, I examine fire responses, habitat associations,
distribution limits, and seedling recruitment of Hypericum species along ecoclines in pine
savannas of the St. Joe Bay State Buffer Preserve in Gulf County of Florida. In this area,
ecoclines are characterized by topographic, soil moisture, and fire heterogeneity gradients.
Hypericum microsepalum, an obligate resprouter, primarily resprouts following disturbances that
remove aboveground stems. It is associated with upland, dry habitats that frequently burn, but
can survive over a wide range of habitats along ecoclines. Hypericum chapmanii, an obligate
reseeder, is killed by fires and recruits with a pulse of seedlings. Hypericum brachyphyllum, a
facultative reseeder/resprouter, both reseeds and resprouts after low intensity disturbances, but
only reseeds after high intensity disturbances. Hypericum brachyphyllum and H. chapmanii are
associated with intermediate, mesic areas along ecoclines where fires become increasingly
heterogeneous to rare as they move down slopes. These species have low survival outside of
their original habitats. Direct effects of fire, specifically removal of aboveground biomass and
litter, increase seedling recruitment of H. brachyphyllum and H. chapmanii. Fires have no direct
effect on the growth of H. brachyphyllum to juvenile and reproductive adult stages, but indirectly
increase growth of H. chapmanii. This is likely the result of fire facilitating regeneration of
associated nurse plants. Therefore, fires are important for seedling recruitment and growth of
Hypericum species. Time to reproduction is longer for H. chapmanii (3+ years) and H.
brachyphyllum (3 years) than H. microsepalum (2 years). Differences in time to reproduction
should cause species to segregate along a fire frequency gradient. I thus conclude that
vi

heterogeneous fires within a high fire frequency landscape may increase persistence of
Hypericum resprouters and reseeders in higher and lower areas along ecoclines, respectively. It
should also allow plants with different life histories to co-occur in intermediate areas along
ecoclines where fires are patchy and vary in intensity.
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CHAPTER ONE:

INTRODUCTION

1

Reseeders and Resprouters
Responses of plants to fire vary along a continuum from obligate resprouting to obligate
reseeding (Keeley and Zedler 1978). Obligate resprouters survive fires as individuals and
regenerate from buds on rhizomes or root crowns (Bell and Ojeda 1999, Bell 2001, Bond and
Midgley 2001, Fidelis et al. 2010). Obligate reseeders are killed by fires and reestablish their
populations from dormant seeds in the soil or in closed fruits that open in response to the heat
from fires (Bradstock and Myerscough 1981, Enright et al. 1998, Keeley et al. 2006, Galindez et
al. 2009). They typically exhibit a pulse of seedling recruitment shortly after fires (Cowling et
al. 1987, Satterthwaite et al. 2002, Keeley et al. 2006). Facultative reseeder/resprouters can
recruit from buds or seeds following fires (Keeley and Zedler 1978, Lamont 1985, le Maitre et
al. 1992, Vesk and Westoby 2004, Vivian et al. 2010). These species may be effective or
ineffective resprouters based on differential allocation of resources to bud storage or seed
production, respectively (Pate et al. 1991, Bond and Van Wilgen 1996, Iwasa and Kubo 1997,
Benwell 1998, Bond and Midgley 2001, Clarke and Knox 2009). Therefore, recruitment
following fire depends on a species‟ allocation of resources to dormant seeds and/or buds.
Fires are non-catastrophic disturbances (sensu Platt and Connell 2003) for both reseeding
and resprouting plants over a wide range of return intervals. Fires are non-catastrophic for
obligate resprouters because established plants survive, producing new stems from underground
structures (Bell and Ojeda 1999, Bellingham and Sparrow 2000, Bell 2001, Bond and Midgley
2001). Although obligate resprouters appear to be resistant to fire in even the most frequently
burned areas, they are hypothesized to be vulnerable if fire return intervals are longer than life
spans of established plants (Keeley and Zedler 1978, Keeley 1998, Keeley et al. 2006). These
species are predicted to have no dormant seed pool and thus to be dependent on recruitment prior
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to death of established plants (Keeley 1977, Enright and Lamont 1989, Eriksson 1989, Clarke
and Dorji 2008, Galindez 2009, Reyes et al. 2009). In contrast, obligate reseeders are
hypothesized to be eliminated from a site only if fires occur repeatedly at intervals shorter than
those required for maturation and seed set. At short return intervals, an obligate reseeder‟s seed
pool is predicted to become depleted (Keeley and Zedler 1978, Enright and Lamont 1989,
Keeley and Fotheringham 2000, Wooller et al. 2002). At longer intervals, a seed bank is present
from which the next generation is produced, resulting in resilience to disturbances such as fires.
Given these differences in responses to fires, resprouters and reseeders should co-occur in
habitats where fires are intermediate in frequency.
There are two different ways fires potentially can facilitate co-occurrence of obligate
resprouters and obligate reseeders. First, fire return intervals might be intermediate between
those that favor resprouters and reseeders. Hawkes and Menges (1995) estimated that a fire
return interval of 10 to 40 years should result in co-occurrence of reseeders and resprouters in
sand pine scrub communities of central Florida. Similar intermediate fire intervals have been
predicted across other Mediterranean-type landscapes (Bradstock et al. 1996, Groeneveld et al.
2002, Keeley et al. 2006). Second, reseeders and resprouters can co-occur in frequently-burned
habitats if fires are heterogeneous at a landscape level. In these habitats, reseeders typically
occupy a niche that rarely burns (Clarke 2002, Virgona et al. 2006, Müller et al. 2007). For
instance, Clarke (2002) examined rock outcrops that rarely burned despite high fire frequency in
the surrounding forest matrix. He found that rock outcrops were dominated by reseeding species
whereas the surrounding matrix was dominated by resprouters. Therefore, resprouting and
reseeding could be favored in heterogeneous landscapes, as well as those where fires occur at
intermediate frequencies.
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Pine Savanna Ecoclines
Pine savannas of southeastern North America typically contain high local diversity of
groundcover plants. One important component of this diversity results from environmental
heterogeneity along topographic gradients (i.e., ecoclines) (Peet and Allard 1993, Menges and
Hawkes 1998, Schmitz et al. 2002, Boughton et al. 2006, Carr 2010). Even small changes in
elevation from a few centimeters to a few meters are associated with large changes in plant
community composition (e.g., Abrahamson and Hartnett 1990, Platt and Schwartz 1990, Olson
and Platt 1995, Platt 1999, Drewa et al. 2002). Such changes in assemblages along ecoclines
from upland to lowland habitats have been correlated with gradual changes in edaphic
characteristics, such as soil moisture or nutrient availability (Platt 1999, Drewa et al. 2002, Carr
et al. 2010). These subtle environmental gradients create overlapping microhabitats at a fine
scale (Walker and Peet 1983, Platt et al. 1988, Stout and Marion 1992, Olson and Platt 1995,
Drewa et al. 2002, Boughton et al. 2006). Therefore, pine savanna ecoclines are characterized by
a mosaic of microhabitats that support many plant species at a landscape scale.
Environmental gradients along ecoclines cause fires to vary in frequency and intensity
from upland to lowland areas. Historically, lightning-ignited fires occurred up to five times per
decade in pine savannas (Platt 1999, Huffman 2006, Peet 2006). Fires are initiated most often in
upland communities and spread downslope into swales and mesic lowland areas provided
suitable juxtaposition of plant communities and climatic conditions (Pyne et al. 1996, Olson and
Platt 1995, Hargrove et al. 2000). Fires tend to burn somewhat uniformly across upland pine
savannas, but increase in patchiness progressively down slopes as soil moisture increases and the
heterogeneity of fuels makes fires less likely (e.g., Slocum et al. 2003). Consequently, a
downslope area may escape one fire, but fuel accumulation in such unburned patches increases
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the likelihood that those patches will burn during future fires; likewise an area that burns in any
given fire potentially escapes future fires (Whelan 1995, Beckage et al. 2003, Slocum et al.
2003). Therefore, pine savanna ecoclines have microhabitats with different fire histories, and
probability of fire within each microhabitat should depend on physical attributes of the area and
local climatic conditions.
Resprouters and reseeders should co-occur along pine savanna ecoclines in microhabitats
with different fire frequencies. Resprouting species should be common in upland, dry areas
where fires are predicted to be more frequent and less heterogeneous. Furthermore, downslope
areas that experience heterogeneous and/or rare fires should favor both resprouting and
reseeding. Therefore, I predict that the patchiness of fire over time and space expected along
pine savanna ecoclines may facilitate the persistence and co-occurrence of resprouters and
reseeders in areas with historically frequent fires.

Objective
The objective of my dissertation research was to study the persistence and co-occurrence
of woody reseeders and resprouters along frequently-burned pine savanna ecoclines. I examined
the interaction between fire and habitat characteristics and related that interaction to the
distribution and population biology of plants with different life histories. Hypericum
microsepalum, H. brachyphyllum, and H. chapmanii were selected for these studies because they
are closely related (Crockett et al. 2004) and co-occur along the same ecoclines in the St. Joe
Bay State Buffer Preserve of Gulf County in Florida. Results of this dissertation were used to
develop hypotheses regarding important environmental characteristics controlling persistence
and co-occurrence of congeneric woody reseeders and resprouters in pine savannas.
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An Introduction to the Chapters
The chapters of this dissertation represent separate studies exploring the ecology of
woody reseeders and resprouters along pine savanna ecoclines. Chapter 2 examines fire
responses of Hypericum species after fire and clipping. Life histories of species were defined on
the basis of this study as obligate resprouting, facultative reseeding/resprouting, or obligate
reseeding. Chapter 3 characterizes coastal pine savanna ecoclines by examining gradients in
topography, soil moisture, and fire spread. Then, habitat associations of Hypericum species were
delineated in relation to environmental gradients along that ecocline. Chapter 4 determines
whether Hypericum species can persist outside of their observed distributions by using a
reciprocal transplant experiment along coastal pine savanna ecoclines. Differences in
demographic characteristics were used to determine whether Hypericum species are habitat
generalists or specialists. Chapter 5 examines direct effects of fire on seedling recruitment and
indirect effects on growth to juvenile and reproductive adult stages. Density of Hypericum
species in different life stages was analyzed after treatments that mimic different direct effects of
fire. Finally, Chapter 6 summarizes this dissertation by reviewing important results from each of
the preceding chapters.
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CHAPTER TWO:

RESPONSES OF CONGENERIC WOODY
HYPERICUM SPECIES TO FIRES IN PINE
SAVANNAS OF NORTHERN FLORIDA
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Introduction
Arborescent plants in fire-frequented habitats tend to exhibit divergent responses to fires:
resprouting from underground storage structures or germinating from dormant seeds. Obligate
resprouters produce new above-ground stems from buds on rhizomes or root crowns (Bellingham
and Sparrow 2000, Vesk and Westoby 2004). Although obligate resprouters appear to be
resilient, even in habitats burned every few years, they are hypothesized to be vulnerable if fire
return intervals are longer than life spans of established plants (Bond and Midgley 2001).
Obligate resprouters are predicted to have no dormant seed pool and should be dependent on
recruitment prior to death of established plants (Keeley and Zedler 1978, Keeley 1998, Keeley et
al. 2006). In contrast, obligate reseeders tend to be killed by fires, but recruit from dormant
seeds (Gill 1981, Gill and Bradstock 1992, Keeley et al. 2006). Consequently, obligate reseeders
are predicted to be excluded from habitats with fire return intervals shorter than the fire-free time
needed to germinate and grow to reproductive maturity (Keeley and Zedler 1978, Enright and
Lamont 1989, Wooller et al. 2002). These contrasting life histories suggest that co-occurrence
of obligate reseeders and resprouters should be most likely when recurrent fires occur at intervals
long enough to allow reseeders to reproduce, but short enough to avoid senescence of
resprouters.
Responses to fire are often conceptualized as a continuum with obligate resprouting and
reseeding at opposite ends (Keeley and Zedler 1978). Facultative reseeder/resprouters can
potentially reseed and resprout following fire (Keeley and Zedler 1978, Lamont 1985, le Maitre
et al. 1992, Vesk and Westoby 2004). These species often exhibit a tradeoff between sprout and
seedling establishment following fires (Keeley and Zedler 1978, Bellingham and Sparrow 2000,
Hansen et al. 1991, Bond and Midgley 2001). A facultative reseeder/resprouter species may be
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an effective or ineffective resprouter based on differential allocation of resources to bud storage
or seed production, respectively (Pate et al. 1991, Bond and Van Wilgen 1996, Iwasa and Kubo
1997, Benwell 1998, Bond and Midgley 2001, Clarke and Knox 2009). Furthermore, the extent
to which resprouting or reseeding occurs also is affected by fire intensity and environmental
conditions immediately following fires (Bellingham and Sparrow 2000, McConnell and Menges
2002, Vesk et al. 2004, Lloret et al. 2005, Buhk and Hensen 2006, Vivian et al. 2010). For
instance, a high intensity fire may damage buds near the soil surface and thus reduce or prevent
resprouting (Vesk et al. 2004, Fidelis et al. 2010). In contrast, low intensity fires may be
followed by recruitment from both buds and seeds (Benson 1985, Benwell 1998, Gill 1981,
Vivian et al. 2010). A drought immediately following a fire may favor resprouting over
reseeding, because seedlings are sensitive to environmental stresses (e.g., Specht 1981, Keeley
and Soderstrom 1986, Auld 1987, Zammit and Westoby 1987, Thomas and Davis 1989, Smith et
al. 1992, Ladd et al. 2005, Thomas et al. 2010). Therefore, allocation of resources, fire intensity,
and environmental conditions may interact to affect recruitment by sprouts and seeds, and
recruitment may vary among species.
Differences in fire responses can be used to predict post-disturbance population
demography. Post-disturbance habitats might be dominated by reseeders and resprouters that
persist via “stored” seeds and/or buds, respectively (Pausas et al. 2004, Roxburgh et al. 2004,
Keeley et al. 2006, Miller and Chesson 2009, Fidelis et al. 2010). Such plants may be early
species (Platt and Connell 2003) that “reserve” their space early during post-disturbance
establishment (Kennard et al. 2002). Obligate resprouters and facultative reseeder/resprouters
potentially have overlapping generations, depending on degree of seedling establishment and bud
survival and after successive fires (Stohlgren et al. 1984, Whelan et al. 2002, Ladd et al. 2005).
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In contrast, obligate reseeders are typically represented by a single generation, resulting from a
pulse of seedling establishment immediately after disturbances that kill adults (Cowling et al.
1987, Satterthwaite et al. 2002, Keeley et al. 2006). Responses of species to disturbances can be
predicted in habitats where disturbances kill aboveground vegetation (Keeley and Zedler 1978,
Pickett and White 1985, Benwell 1998, Pausas et al. 2004). This knowledge can be used, in turn,
to predict persistence of different populations under varying disturbance return intervals.
Fire responses may have limited predictive value in habitats with heterogeneous
disturbances. Even small differences in disturbance intensity or frequency may change
population demography within and between disturbance patches (Moreno and Oechel 1991,
Cirne and Scarano 2001, Bonfil et al. 2004, Vesk 2006). Obligate resprouters and facultative
reseeder/resprouters, in particular, may be sensitive to small changes in the disturbance regime.
Fire responses often vary between and within these species depending on disturbance intensity
(Moreno and Oechel 1991, Ladd et al. 2005, Vivian et al. 2008). Patchy disturbances may also
allow obligate reseeding individuals to survive as adults while new generations are recruiting in
adjacent areas (Bradstock et al. 1996, Groeneveld et al. 2002). Thus, local differences in
disturbances may result in overlapping generations of both obligate reseeders and resprouters in
heterogeneous habitats.
I examined the fire responses and population demography of three co-occurring species
of Hypericum following high and low intensity disturbances. Hypericum microsepalum, H.
brachyphyllum, and H. chapmanii were chosen for this study because they are closely related
(Crockett 2004) and co-occur in frequently-burned pine savannas of northern Florida. Burning
and clipping represent high and low intensity disturbances, respectively (sensu Vesk and
Westoby 2004). Clipping is considered a low intensity disturbance because, unlike burning, it
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does not directly damage belowground buds and/or seeds. So, I would predict plants with
dormant buds will have higher survival by resprouting in clipped as compared to burned plots.
Furthermore, if seedling recruitment does not differ between burned and clipped plots, the heat
and/or smoke from fires are not required to break dormancy. Population demographics,
including survival, height, and fecundity, were measured for all species prior to treatments, one,
and two years post-treatment.
Most studies of obligate reseeders and resprouters have been conducted in
Mediterranean-climate shrublands (e.g. Australian shrublands, California chaparral, South
African fynbos; Keeley 1977, Benwell 1998, Bell 2001, Pausas et al. 2004) or in habitats that are
physiognomically similar to Mediterranean habitats (e.g., Florida sand pine scrub, Mexical
shrublands; Menges and Kohfeldt 1995, Lloret et al. 1999). This study should expand upon
previous studies by examining fire responses in a subtropical climate with habitats
physiognomically different from those in Mediterranean regions. Furthermore, fire frequency
differs between the habitats; fires are more frequent in pine savannas (1-3 years between fires;
Platt 1999, Huffman 2006) than in Mediterranean-type systems (10-100+ years between fires;
Hawkes and Menges 1995, Keeley and Fotheringham 2001, Groeneveld et al. 2002,
Satterthwaite et al. 2002, Ojeda et al. 2005). Results of this demographic study in pine savannas
will be compared to those reported for Mediterranean-type habitats.

Methods
Study Site
I conducted this study in coastal pine savannas of the St. Joseph Bay State Buffer
Preserve in Gulf County, FL (85°16' N latitude, 29°42' W longitude; Appendix A). The preserve
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contains a series of parallel ancient ridges and swales connected by seepage slopes. Ridges and
swales differ in elevation by less than two meters. The upland, ridge soils are Leon fine sand
with a seasonal high water table at a depth of 15-45 cm (Soil Survey 2010). Pickney and Rutlege
soils are in the lowland swales where the seasonal high water table is above the surface of the
soil from November to May (Soil Survey 2010). Thus, slopes have a water table that is
increasingly closer to the surface of the soil from upland to lowland habitats.
The St. Joseph Bay State Buffer Preserve contains diverse assemblages of plant species
that vary among ridges, seepage slopes, and swales. Small changes in elevation (less than 50
cm) between coastal ridges and swales result in very different habitats and plant assemblages.
The ridges are subxeric sandy flatwoods with little topographic relief and well-spaced longleaf
(Pinus palustris) and slash pine (P. elliottii) typical of upland coastal pine savannas in Florida
(Abrahamson and Hartnett 1990, Platt 1999, Peet 2006, Carr et al. 2010). The diverse understory
contains native grasses, (e.g., Aristida beyrichiana, Sporobolus floridanus), as well as forbs
intermixed with woody shrubs (e.g., Ilex glabra, Kalmia hirsuta, Quercus minima, Serenoa
repens). The lowlands swales are typically cypress (Taxodium distichum) savannas or cypresstiti (Cyrilla racemiflora) depressions (Platt 1999, Carr et al. 2010). Lowlands have an overstory
dominated by cypress (Taxodium distichum) and a shrub understory dominated by titi (Cyrilla
racemiflora, Cliftonia monophylla) interspersed with marshes dominated by sawgrass (Cladium
jamaicense). The transitions between these habitats are treeless wet depression prairies (Peet
2006, Clewell et al. 2009, Carr et al. 2010). They contain species from flatwoods and lowland
habitats in addition to some wet prairie specialists such as sundew (Drosera capillaris),
yelloweyed grass (Xyris caroliniana), Godfrey‟s butterwort (Pinguicula ioantha), and
meadowberry (Rhexia alifanus), among others. Although flatwoods, wet prairies, and cypress
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lowlands are distinct habitats, the borders between them are not distinct (Appendix B). I
therefore use the term „ecocline‟ to describe the gradual transition from flatwoods to lowlands
where one community grades into and is replaced by another (e.g., Clements 1936).
Frequent prescribed fires are used to manage southeastern U.S. pine savannas, like those
in uplands of the SJBSBP. Fires in flatwoods remove shrubs from the midstory, resulting in two
distinct layers of vegetation with well-spaced pines in the overstory and dense grasses and small
shrubs in the understory (Abrahamson and Hartnett 1990; Gilliam and Platt 1999, Platt 1999,
Peet 2006). Flatwoods of the SJPSBP historically burned up to five times per decade in
lightening-ignited growing season fires (Huffman 2006). Wet depression prairies and cypress
lowlands are predicted to burn less frequently than adjacent upland flatwoods; fires typically
begin in dry, upland areas and become increasingly patchy in progressively wetter areas (Slocum
et al. 2003). Accordingly, the SJBSBP is burned with predominantly growing season prescribed
fires ignited in upland areas on a 1-4 year rotation (J. Huffman, pers. comm.). Fires only spread
to wet prairies and cypress lowlands if the continuity of fuels and climatic conditions are
favorable (Crandall, pers. observation).

Study Species
Hypericum microsepalum, H. brachyphyllum, and H. chapmanii are evergreen,
arborescent plants that co-occur along coastal ecoclines of the Florida panhandle (nomenclature
follows Godfrey 1988; Appendix B). Hypericum microsepalum and H. brachyphyllum are
shrubby in habit, producing multiple reproductive shoots from the base; whereas H. chapmanii
produces a single stem with thick, flaky bark (Godfrey 1988, Robson 2003). All species produce
perfect flowers and septicidal capsules containing numerous seeds. Gravity and occasionally
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birds disperse seeds (Godfrey 1988, Robson 2003). The population dynamics, seed bank
dynamics, and life spans of these plants have not been documented.
In Mediterranean-type systems, reseeders and resprouters often have differences in seed
morphology and dispersal. For instance, researchers have found that obligate resprouters have
larger and heavier dispersal units than obligate reseeders (Verdù 2000). Furthermore, seed coats
of obligate resprouters and reseeders are hard- and fleshy-coated, respectively (Keeley 1991).
Pausas et al. (2004) examined obligate reseeders and resprouters in Mediterranean-type systems
and found dispersal mode and diaspore type to be related to regeneration mode following fire. In
this study, I used congeners that did not differ in their seed morphology and mode of dispersal,
so differences in seedling recruitment could not be attributed to these sources of variation.
Hypericum individuals were separated into life stages based on field observations. These
observations indicated two different responses to fire present along the ecoclines at the St.
Joseph Bay State Buffer Preserve: resprouting and reseeding. Hypericum microsepalum life
stages were identified as seed, seedling, resprout, juvenile, and reproductive adult (Figure 2.1A).
New seedlings and resprouts originated from seed or underground buds, respectively.
Excavation from outside plots indicated physical differences between seedlings and resprouts. I
did not distinguish between resprouting from buds on root crowns or rhizomes (new ramets).
Juveniles were greater than 5 cm in height but not reproducing, and reproductive adults were any
plants producing flowers or fruits. Hypericum brachyphyllum life stages were also divided into
seed, seedling, resprout, juvenile, and reproductive adult (Figure 2.1A). Seedlings were defined
as those individuals with ovate leaves similar to the cotyledons. They were considered juveniles
after producing a pair of true, needlelike leaves. Resprouts were defined as new shoots arising
from root crowns or lower nodes after all other aboveground stems were killed. One year after
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Figure 2.1. A conceptual model illustrating the important life history stages (all ovals) of H.
microsepalum and H. brachyphyllum (top) that can both reseed and resprout following
disturbances. Hypericum chapmanii (bottom) reseeds following disturbances that kill adults.
Transitions are indicated by arrows.

resprouting, H. brachyphyllum individuals were considered juveniles. Reproductive adults were
any plants producing flowers and fruits. Finally, H. chapmanii had seedling, juvenile, and
reproductive adult stages with the same definitions used for H. brachyphyllum recruitment from
seed (Figure 2.1B). Unlike the other species, H. chapmanii did not have a resprout stage because
it lacks rhizomes and the ability to resprout from root crowns.
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Field Methods
During spring 2006, plots were established to examine Hypericum species responses to
fire. A total of 96-1m2 plots containing H. microsepalum, H. brachyphyllum, or H. chapmanii
were randomly positioned along eight ecoclines (sites) in upland flatwoods, wet depression
prairies, or cypress lowlands, respectively. Sites were approximately 0.5 km apart and located
along different ecoclines with difference recent fire histories. Prescribed fires had burned upland
flatwoods within the last 5-10 years. Fires are increasingly heterogeneous and rare down slopes,
so it is difficult to estimate when the most recent fire spread into wet depression prairies and
cypress lowlands. It had likely been 30 or more years since the last fire spread into some
patches, particularly in cypress lowlands.
Prior to applying treatments, I examined demographic characteristics of all Hypericum
species. Plots were sampled in the spring of 2006 for Hypericum species density, life stage,
height, and fecundity (number of fruits). This sampling was necessary to test for pretreatment
differences in density by site. These data were also used to examine pretreatment size class
distributions and relationships between height and fecundity.
The effects of high and low intensity disturbances on the demography of Hypericum
species were tested to identify responses to disturbances. Treatments were applied during the
2006 growing season (July-August) to 1 x 1 m plots at eight sites using a randomized block
design. Plants were burned or clipped during the growing season to mimic the timing of natural
lightning-ignited fires in southeastern U.S. pine savannas (Slocum et al. 2010) when Hypericum
species are photosynthesizing and growing. In addition to the sampling plot, a 1 m buffer area
also received treatments to avoid edge-effect. Fire plots were burned with backing fires ignited
with a drip torch. Fires resulted in the scorch and death of all aboveground vegetation, but
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woody stems and branches remained standing. In clip plots, I removed all leaves from woody
plants while leaving as much branch material as possible. Understory herbaceous plants were
clipped at ground level. All plants were thus clipped so the level of damage (i.e., leaf death) and
vertical structure was similar post-treatment in clip and burn plots. All clippings and litter were
removed from plots and buffer areas. Treatments were applied to two plots per habitat in each
site. Individual plants were mapped, and survival (resprouting), life stage, height, and fecundity
(number of fruits) were measured one and two years post-treatment.

Statistical Methods
I tested for differences in Hypericum demography before and after burn and clip
treatments. T-tests were used to compare percent survival by species between treatments.
Univariate classifications of Hypericum density were used to compare pre- and post-treatment
size-class distributions by 10 cm. I then used a two-way mixed-model analysis of variance
(ANOVA) to test for differences in post-treatment survival and densities of each species by life
stage (P ≤ 0.05). All density data were log transformed prior to analysis to meet requirements
for homogeneity of variances. Significant mean ranks were separated using Tukey‟s HSD test
for pairwise comparison (Steele and Torrie 1980). Fecundity (log of number of fruits) and height
were correlated using simple linear regression. Analyses were performed in SAS version 9.2
(Cary institute, Cary, NC, USA).

Results
Pretreatment size and fecundity (fruit number) were positively correlated for all
Hypericum species. The fecundity of H. microsepalum increased with increasing height (Figure
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2.2A). This species begins fruit production when it reaches a height of approximately 15 cm.
The majority of seed-producing plants were between 20 and 40 cm in height. Plants were rarely
greater than 80 cm tall, but those that were produced a variable number of fruits ranging from 4
to 60 per plant. Hypericum brachyphyllum and H. chapmanii also produced more fruits as size
increased (Figures 2.2B,C). Hypericum brachyphyllum became a reproductive adult after
reaching 20 cm in height (Figure 2.2B). Taller plants had greater variance in the number of
fruits produced, ranging from 45 to 1400 fruits per plant. Hypericum brachyphyllum plants in
this study were not taller than 120 cm. In contrast, H. chapmanii must be 60-80 cm in height
before producing fruits (Figure 2.2C). Although there was a significant linear trend in H.
chapmanii height and fruit production, it appeared that peak fruit production occurs after plants
are approximately 180 cm tall. Therefore, H. chapmanii had to reach a greater threshold height
than the other species before it produces fruit.
Average fecundity per plant differed for all Hypericum species prior to treatments.
Hypericum chapmanii produced more than three times more fruits per individual than H.
brachyphyllum and H. microsepalum (Figure 2.3). Hypericum brachyphyllum produced
approximately ten more fruits per individual than H. microsepalum. Therefore, H. chapmanii
produced more fruits than the other two species combined.
Post-disturbance survival differed among Hypericum species. There was no significant
difference in the number of H. microsepalum that survived and resprouted one year after burning
and clipping (Figure 2.4; t = 0.61, P = 0.55). Hypericum brachyphyllum only survived and
resprouted in clip plots (t = 13.26, P <0.05). In burn plots, buds on root crowns near the soil
surface were likely damaged, preventing these individuals from resprouting. No H. chapmanii
individuals survived and resprouted after burning and clipping treatments. Therefore, H.
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microsepalum and H. brachyphyllum, unlike H. chapmanii, can survive and resprout following
disturbances.
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Size classes for all Hypericum species changed following disturbance. Aboveground
stems did not survive fire and clip treatments and thus, all plants regenerated from belowground
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structures or recruited from seed. Size class distributions did not differ for fire and clipping
treatments, and thus data were combined. Most H. microsepalum individuals were 21-40 cm tall
before fire and clipping treatments (Figure 2.5A). Only a few individuals were above 60 cm.
One year post-treatment, most plants were below 20 cm in height (Figure 2.5B), and two years
post-treatment, the majority of plants grew to the next size class (11-20 or 21-30 cm; Figure
2.5C). Prior to treatments, H. brachyphyllum individuals were mostly less than 50 cm in height
with only a few beyond 90 cm (Figure 2.5D). One year after disturbances, all individuals were
less than 10 cm tall whether they resprouted or recruited from seed (Figure 2.5E). In the second
year, 100 H. brachyphyllum plants were 11-50 cm tall, but most remained in the 0-10 cm size
class (Figure 2.5F). Hypericum chapmanii had the greatest number of plants in the 0-10 cm and
61-170 cm size classes pretreatment (Figure 2.5G). Like H. brachyphyllum, this species only
had individuals in the 0-10 cm size class during the first year post-treatment (Figure 2.5H). In
the second year, there were approximately 84% fewer plants in the 0-10 cm size class (Figure
2.5I), and 133 individuals had grown to size classes between 11 and 70 cm. Thus, all plants had
individuals in taller size classes two years post-treatment as compared to one year post-treatment.
All species had not reached pretreatment size class distributions within two years.
Mode of recruitment following disturbances differed between Hypericum species.
Hypericum microsepalum mainly resprouted following fire and clipping treatments that removed
aboveground stems. There were significantly more H. microsepalum resprouts than seedlings in
burn plots during year 1 post-treatment (t = 9.46, P < 0.05; Figure 2.6A,B). In year 2, most of
these resprouts were greater than 5 cm tall and thus considered juveniles. In contrast, H.
brachyphyllum primarily recruited from seed despite its ability to resprout from root crown
(Figure 2.6C,D). Hypericum chapmanii only recruited from seeds and lacks the ability to
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resprout (Figure 2.6E,F). Therefore, these species differed in their fire responses: H.
microsepalum was defined as an obligate resprouter, H. brachyphyllum was a facultative
reseeder/resprouter, and H. chapmanii was an obligate reseeder.
Peak recruitment from seed differed among species and treatments. Hypericum
microsepalum seedlings were only observed one year post-treatment in burn plots and averaged
less than five seedlings per 1 x 1 m plot (Figure 2.6A). No seedlings were in clip plots 1 or 2
years post-treatment or in burn plots 2 years post-treatment (Figure 2.6A,B). Hypericum
brachyphyllum and H. chapmanii had a pulse of recruitment from seed during year 1 posttreatment in both burn and clip plots (Figure 2.6B-E). In year 2, H. brachyphyllum had a second
seedling pulse in clip plots that was not observed in burn plots (Figure 2.6C,D). In year 1, there
was a significantly higher density of H. chapmanii seedlings than H. brachyphyllum seedlings
after both fire (t = 24.49, P < 0.05) and clipping (t = 14.35, P < 0.05) treatments. For all species,
peak recruitment occurred post-treatment and significantly fewer or no seedlings were observed
pre-treatment.
Hypericum species differed in their time to reproductive adult stage, but not time to
juvenile stage. All species had individuals in the juvenile stage in year 2 post-treatment (Figure
2.6A-F). A total of six H. microsepalum resprouted and produced fruits one year after burn and
clip treatments (Figure 2.6A,B). In year 2 post-treatment, H. microsepalum plots had
approximately one reproducing plant per 1 x 1 m plot. No H. brachyphyllum or H. chapmanii
individuals produced fruits within two years after treatments were applied (Figure 2.6C-F).
Thus, H. microsepalum required less time to reach reproductive maturity than H. brachyphyllum
and H. chapmanii.
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Discussion
Hypericum species had high recruitment following disturbances, but fire responses
differed by species. Hypericum microsepalum, H. brachyphyllum, and H. chapmanii differ in
their ability to spread clonally and resprout following fire and clipping. Hypericum
microsepalum is an obligate resprouter. It is resistant to fires because it resprouts from
underground buds on rhizomes or root crowns following disturbances that remove aboveground
biomass. Unlike the other species, it spreads clonally by thin, underground rhizomes.
Hypericum brachyphyllum is a facultative reseeder/resprouter that survives low intensity
disturbances (clipping) by resprouting from root crowns or germinating from seed. After high
intensity disturbances (fire), it does not resprout. Finally, H. chapmanii lacks dormant buds that
survive disturbances. It is resilient after fires because it has a large pulse of recruitment from
seeds following disturbances that kill adult individuals.
Although H. microsepalum produces seeds between disturbances, seedlings were rare
immediately after disturbances. The seed biology of H. microsepalum is not well understood,
but this obligate resprouter did not appear to have a large seed bank from which germination
occurred after disturbance. Limited recruitment from seeds might be expected even with no or
short-term seed banks, because H. microsepalum produces fruit annually in the intervals between
fires and within one or two years post-fire. Furthermore, seedlings were not observed prior to
disturbances and were only present in burned plots one year post-treatment. Therefore, fires (or
some component of the post-fire environment not present in clipped plots) likely promoted
recruitment of this species from seeds. Fires do not result in a seedling pulse of H.
microsepalum, but it does nonetheless promote some seedling recruitment despite the lack of a
dormant seed bank.
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Many resprouting species in Mediterranean-type systems appear to lack a seed bank (e.g.,
Keeley 1977, Enright and Lamont 1989, Eriksson 1989, Clarke and Dorji 2008, Galindez 2009,
Reyes et al. 2009). Thus, I did not expect H. microsepalum to have a pulse of recruitment from
seeds immediately following disturbances. Instead seedling recruitment should occur in the
intervals between fires after new resprouts reach reproductive maturity. Keeley et al. (2006)
found that resprouters were more likely to recruit from seed during the second year following
fires immediately after reaching reproductive maturity and dispersing seeds. He concluded that
resprouters likely lack a dormant seed bank, causing the seedling pulse to be delayed until the
plants reach reproductive maturity between disturbances. The lack of a H. microsepalum
seedling pulse two years after disturbances could also be the result of unfavorable environmental
conditions. The timing of resprouter germination has been linked to precipitation and other
environmental cues (Borchert 1989, Gill and Bradstock 1992, Galindez et al. 2009). For
instance, Benwell (1998) tested germination of resprouter seeds in serotinous fruits prior to fire
and found they were viable, but seeds did not germinate after fires. He asserted that lack of
germination might have been related to seed mortality right after fires as a result of
environmental conditions. Therefore, H. microsepalum may not have a seedling pulse and
instead depend on low recruitment from seeds immediately after fires or in the intervals between
fires if the appropriate environmental conditions are present.
The facultative reseeder/resprouter, H. brachyphyllum, and obligate reseeder, H.
chapmanii, had substantial seedling pulses following disturbances. There were no differences in
seedling densities between fire and clipping and thus heat and/or smoke from fire is not required
to break dormancy. In contrast, there were differences in seedling densities between species;
Hypericum chapmanii seedling densities were greater than H. brachyphyllum following
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disturbances, which might be the result of pre-treatment differences in average number of fruits
per individual. Keeley and Zedler (1978) and Benwell (1998) also found that facultative
reseeder/resprouters had lower seedling densities after fire than obligate reseeders, which could
be the result of allocation trade-offs. Obligate reseeders allocate resources to seed production,
whereas facultative reseeder/resprouters allocate resources to both seed and bud production (Pate
et al. 1991, Bond and Van Wilgen 1996, Iwasa and Kubo 1997, Benwell 1998, Bond and
Midgley 2001). Therefore, obligate reseeders have been predicted to produce more as well as
higher quality seeds than facultative reseeder/resprouters.
High intensity disturbances may damage buds thereby reducing resprouting ability. I
found that H. brachyphyllum only resprouted after low intensity disturbances. Other studies
have also found that facultative reseeder/resprouters are more likely to resprout following low
intensity disturbances (Benson 1985, Benwell 1998, Gill 1981). In contrast, some studies argue
that resprouting ability differs by species and is not affected by a wide range of disturbance
intensities (e.g., Keeley and Zedler 1978, Lamont 1985, le Maitre et al. 1992, Vesk and Westoby
2004). For instance, Reyes et al. (2009) studied resprouting abilities of six facultative
reseeder/resprouters, and found only one was linked to fire intensity. I propose that resprouting
ability of H. brachyphyllum is dependent on soil moisture during time of disturbance. For
instance, buds on root crowns will be less likely damaged or killed if they are submerged by
water during a fire. Resprouting ability would thus be similar to my results for clipped plots. In
contrast, high intensity disturbances, such as fires, during droughts would more likely damage
buds, thereby killing established individuals. Therefore, H. brachyphyllum would have a higher
probability of surviving and resprouting following low intensity fires that do not directly damage
buds.
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Multiple reseeder generations likely resulted from heterogeneous fires that vary in space
and time across pine savanna ecoclines. Hypericum reseeders and resprouters had individuals in
multiple stages and size classes prior to treatments. I expected H. microsepalum and H.
brachyphyllum to have multiple generations resulting from both resprouting and recruitment
from seed. In contrast, H. chapmanii should have had only one generation as a result of pulse
germination coupled with disturbances (sensu Cowling et al. 1987, Satterthwaite et al. 2002,
Keeley et al. 2006). Instead, the reseeder had multiple generations likely resulting from
heterogeneous fires along pine savanna coastal ecoclines. Because of the dynamic nature of fire,
reseeders may escape fires in unburned patches, but fuel accumulation increases the likelihood
that those individuals will burn during the next fire, while other individuals potentially escape
the fire (sensu Whelan 1995, Slocum et al. 2003). Thus, fires along these ecoclines vary locally
in intensity and are patchy on a small scale (< 1 m where upland flatwoods transition to wet
depression prairies). Fire heterogeneity thus creates a mosaic of burned and unburned areas
resulting in adjacent patches of small and large individuals, respectively. In contrast, fires in
Mediterranean-type systems often remove above ground biomass from large areas, leaving no
surviving reseeders (e.g., more than 80,000 ha in California chaparral; Keeley et al. 2006).
Therefore, the post-fire reseeder demography likely differs in pine savannas and Mediterraneantype systems because fire heterogeneity is affecting populations at different scales.
Hypericum reseeders and resprouters differed in size class distributions before and after
disturbances. Prior to treatments, H. microsepalum adults were shorter than H. brachyphyllum
and H. chapmanii adults. Resprouters are typically shorter than reseeders and form communities
with shorter average height than reseeders, but there are exceptions (Midgley 1996, Pausas et al.
2004). Although reseeders are not always taller than resprouters overall, they often are when
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congeneric comparisons are used (Pausas et al. 2004). After fire and clipping treatments, all
species had individuals in only the smaller size classes. One and two years following treatments,
the obligate resprouter had a higher proportion of individuals in taller size classes than the
facultative reseeder/resprouter and obligate reseeder. Other studies have reported greater
resprouter than reseeder growth rates immediately following disturbances when the reseeder is
long-lived (Midgley 1996, Verdù 2000, Pausas et al. 2004). During early post-fire recruitment,
reseeders allocate resources to root and shoot development while resprouters mainly allocate
resources to shoot production (Keeley and Keeley 1977, Iwasa and Kubo 1997). Differences in
early relative growth rate have been attributed to stored resources in the resprouter‟s surviving
rhizome (Pate et al. 1991, Bell and Ojeda 1999, Bellingham and Sparrow 2000, Pausas et al.
2004). Therefore, while reseeders are recruiting and establishing from seeds after disturbances,
already established resprouters are regrowing from underground storage structures containing
energy reserves.
Time to reproduction was longer for H. brachyphyllum and H. chapmanii than H.
microsepalum. A small proportion of resprouters produced fruit within the first two years after
treatments. In contrast, no obligate reseeders reached reproductive maturity during this study.
Pretreatment data indicated that H. chapmanii and H. brachyphyllum must grow beyond a greater
threshold height than H. microsepalum before producing fruit, which may explain why the
obligate resprouter is the first to reach reproductive maturity. Some studies in Mediterraneantype systems have also found that established stems of obligate resprouters flowered before longlived reseeders (Gill and McMahon 1986, Zammit and Westoby 1987, Lamont and Runciman
1993, Wooller et al. 2002). For instance, Galindez (2009) studied two species of co-occurring
Asteraceae shrubs and found that the obligate resprouter allocated resources to shoots
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immediately after fire and produced flowers within four months, and the obligate reseeder
became reproductive one or two years later. Gill and McMahon (1986) and Lamont et al. (1993)
also found that obligate reseeders take considerably longer to reach reproductive maturity than
obligate resprouters. They concluded that reseeders must allocate energy to competition for
resources during early establishment thereby delaying fruit production. Other researchers report
opposite results; reseeders reach reproductive maturity before resprouters, but in these studies,
the reseeders are not long-lived (le Maitre et al. 1992, Bell and Pate 1996, Pausas et al. 2004).
Thus, time to reproduction differs by species, but in general, time to reproduction is longer for
long-lived reseeders than resprouters.
Many studies have shown that woody reseeders and resprouters can co-occur in
Mediterranean-type communities (e.g., Malanson and O‟Leary 1982, Zedler 1995, Ojeda 1998,
Groeneveld et al. 2002). Fire frequencies should be intermediate between the needs of reseeders
and resprouters for them to co-occur (Malanson 1985, Miller and Chesson 2009, Watson et al.
2009). In pine savannas of the southeastern U.S., fires were historically more frequent (Huffman
2006) than the time required for H. chapmanii to germinate and grow to reproductive maturity
(greater than two years). Thus, persistence of the obligate reseeder is likely dependent on the
heterogeneity of fires along pine savanna ecoclines. Based on predictions of fire spread in pine
savannas, fires should be less frequent and increasingly heterogeneous in wet habitats down
slopes (Slocum et al. 2003). Obligate reseeders therefore should escape some fires and
contribute to the seed bank in unburned patches. At the same time reseeders should be
germinating and establishing from seeds in adjacent patches that recently burned. In
Mediterranean-type systems, increases in fire frequency typically increase density of obligate
resprouters, while concomitantly reducing or eliminating obligate reseeders (Zedler et al. 1983,
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Daskalakou and Thanos 2004, Pausas 2001, Reyes et al. 2009). For instance, Wooller et al.
(2002) found that even two successive fires with shorter intervals than needed for obligate
reseeders to reproduce will cause them to go locally extinct. Similarly, frequent and/or less
heterogeneous fires in H. chapmanii habitats would likely prevent it from persisting in the area
while increasing the density of H. microsepalum. Therefore, fire heterogeneity likely promotes
the persistence of both obligate reseeders and resprouters along the same frequently-burned pine
savanna ecoclines.
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CHAPTER THREE:

HABITAT ASSOCIATIONS OF CONGENERIC
PINE SAVANNA RESPROUTERS AND
RESEEDERS (HYPERICUM SPP.)
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Introduction
High species richness characterizes groundcover plant communities in many pine
savannas of southeastern North America. Large numbers of plant species in small areas have
been attributed in part to fine scale environmental heterogeneity along topographic gradients
(i.e., ecoclines) (Peet and Allard 1993, Menges and Hawkes 1998, Schmitz et al. 2002, Peet
2006, Carr et al. 2010). Composition of plant species in these habitats are known to change
along gradual environmental gradients (Marks and Harcombe 1981, Abrahamson and Hartnett
1990, Platt and Schwartz 1990, Peet and Allard 1993, Jacqmain et al. 1999, Drewa et al. 2002,
Carr et al. 2009). Even small differences in elevation are highly correlated with changes in
edaphic characteristics, such as soil moisture and nutrient availability (Marks and Harcombe
1981, Abrahamson and Hartnett 1990, Platt and Schwartz 1990, Snyder et al. 1990, Harcombe et
al. 1993, Peet and Allard 1993, Platt 1999, Drewa et al. 2002). These differences, in turn, result
in high species turnover on a fine scale (< 1 m in some areas) (Walker and Peet 1983, Platt et al.
1988a, Stout and Marion 1992, Olson and Platt 1995, Drewa et al. 2002, Boughton et al. 2006).
Thus, environmental heterogeneity at a small scale results in high species richness at a larger
scale.
Fine scale variation in topography, soil moisture, and plant assemblages along pine
savanna ecoclines may also promote heterogeneous fires. Natural lightning-ignited fires are
initiated most often in upland communities and spread down slopes into swales and mesic
lowland areas provided suitable fuel loads and climatic conditions (Pyne et al. 1996). Fires tend
to burn somewhat uniformly across dry, upland pine savannas, but increase in patchiness
progressively down slopes as soil moisture increases and the heterogeneity of fuels makes fires
less likely (e.g., Slocum et al. 2003). Consequently, a downslope area may escape one fire, but
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fuel accumulation in such unburned patches increases the likelihood that those patches will burn
during future fires. Furthermore, an area that burns in any given fire potentially escapes future
fires (Whelan 1995, Beckage et al. 2003, Slocum et al. 2003). Therefore, subtle variation in
environmental characteristics along ecoclines result in spatially heterogeneous fires over time
that generate habitat patches with different fire return intervals.
The distribution of species with different life history traits may be limited by the
frequency of disturbances, such as fire. For instance, plants that resprout following fires are
favored in habitats with short intervals between fires (Bell 2001, Bond and Midgley 2001, Drewa
et al. 2002). They invest more energy in bud formation and carbohydrate storage than seed
production (Bell and Ojeda 1999, Bellingham and Sparrow 2000). Thus, they have reserves
available to quickly regenerate from buds on rhizomes or root crowns following fires (Bowen
and Pate 1993). In contrast, reseeders are predicted to be favored in habitats where disturbances
are infrequent and/or heterogeneous in space and time (Hawkes and Menges 1995, Clarke 2002,
Virgona et al. 2006, Vilà-Cabrera et al. 2008). Adult plants are killed by fires, and recruitment
occurs by seeds in the seed bank or from seeds contained in closed fruits that open in response to
the heat from fires (Bradstock and Myerscough 1981, Enright et al. 1998, Keeley et al. 2006,
Galindez et al. 2009). If fires occur repeatedly at an interval shorter than that required for these
individuals to reach reproductive maturity, the species may go locally extinct; if no new seeds
are contributed by surviving adults, the seed bank will become exhausted over time (Keeley and
Zedler 1978, Wooller et al 2002, Watson et al. 2009). Reseeders and resprouters are thus
sensitive to the frequency of fires and may sort along an ecoclinal continuum in fire frequency.
In this study, I examined the habitat associations of congeneric woody species along
Northern Florida pine savanna ecoclines. Hypericum microsepalum (obligate resprouter), H.
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brachyphyllum (facultative reseeder/resprouters), and H. chapmanii (obligate reseeder) differ in
their life histories, but are locally abundant along the same ecoclines. I predict these species will
sort along environmental gradients. The resprouter and reseeder should be associated with
recently burned, dry uplands and long unburned, wet lowlands, respectively, and the
reseeder/resprouter should be intermediate in distribution. These predictions were tested using
belt transects to examine relationships between habitat characteristics (as influenced by local
topography, soil moisture, and the presence/absence of fire) and the distributions and densities of
different life stages of Hypericum species. Ring translation tests were used to analyze
relationships between species density and habitat while accounting for spatial autocorrelation
(sensu Palmer and van der Maarel 1995, Harms et al. 2001). Results were used to develop
hypotheses regarding the importance of environmental heterogeneity for co-occurrence of
reseeders and resprouters along pine savanna ecoclines.

Methods
Study Site
This study was conducted in coastal pine savannas of the St. Joseph Bay State Buffer
Preserve in Gulf County, FL (85°16' N latitude, 29°42' W longitude; Appendix A). The preserve
contains a series of parallel ancient ridges and swales connected by seepage slopes. Ridges and
swales differ in elevation by less than two meters. The upland, ridge soils are Leon fine sand
with a seasonal high water table at a depth of 15-45 cm (Soil Survey 2010). Pickney and Rutlege
soils are in the lowland swales where the seasonal high water table is above the surface of the
soil from November to May (Soil Survey 2010). Thus, slopes have a water table that is
increasingly closer to the surface of the soil from upland to lowland habitats. The St. Joe Bay
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State Buffer Preserve is burned with predominantly growing season prescribed fires ignited in
upland areas on a 1-4 year rotation (J. Huffman, pers. comm.).
The St. Joseph Bay State Buffer Preserve contains diverse assemblages of plant species
that vary among ridges, seepage slopes, and swales. Small changes in elevation (less than 50
cm) between coastal ridges and swales result in very different habitats and plant assemblages.
The ridges are subxeric sandy flatwoods with little topographic relief and well-spaced longleaf
(Pinus palustris) and slash pine (P. elliottii) typical of upland coastal pine savannas in Florida
(Abrahamson and Hartnett 1990, Platt 1999, Peet 2006, Carr et al. 2010). The diverse understory
contains native grasses, (e.g., Aristida beyrichiana, Sporobolus floridanus), as well as forbs
intermixed with woody shrubs (e.g., Ilex glabra, Kalmia hirsuta, Quercus minima, Serenoa
repens). The lowland swales are typically cypress (Taxodium distichum) savannas or cypress-titi
(Cyrilla racemiflora) depressions (Platt 1999, Carr et al. 2010). Lowlands have an overstory
dominated by cypress (Taxodium distichum) and a shrub understory dominated by titi (Cyrilla
racemiflora, Cliftonia monophylla) interspersed with marshes dominated by sawgrass (Cladium
jamaicense). The transitions between these habitats are treeless wet depression prairies (Peet
2006, Clewell et al. 2009, Carr et al. 2010). They contain species from flatwoods and lowland
habitats in addition to some wet prairie specialists such as sundew (Drosera capillaris),
yelloweyed grass (Xyris caroliniana), Godfrey‟s butterwort (Pinguicula ioantha), and
meadowberry (Rhexia alifanus), among others. Although flatwoods, wet prairies, and cypress
lowlands are distinct habitats the borders between them are not distinct (Appendix B). I
therefore use the term „ecocline‟ to describe the gradual transition from flatwoods to lowlands
where one community grades into and is replaced by another (e.g., Clements 1936).
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Study Species
Hypericum chapmanii, H. brachyphyllum, and H. microsepalum are evergreen,
arborescent plants that co-occur along coastal ecoclines of the Florida panhandle (nomenclature
follows Godfrey 1988; Appendix C). Hypericum brachyphyllum is shrubby in habit, producing
multiple reproductive shoots from the base; whereas H. chapmanii produces a single stem with
thick, flaky bark (Godfrey 1988, Robson 2003). All species produce perfect flowers and
dehiscent, septicidal capsules containing numerous seeds. Gravity and occasionally birds
disperse seeds (Godfrey 1988, Robson 2003). The seed bank dynamics and life spans of these
plants have not been documented.
Hypericum chapmanii, H. brachyphyllum, and H. microsepalum have different responses
to fire. Following fires, H. microsepalum resprouts from underground buds on the root crown or
along rhizomes. Although H. microsepalum produces seeds, seedlings were rarely observed
(Chapter 2). Low seedling recruitment following fires is typical of other obligate resprouting
plants (e.g., Enright and Lamont 1989, Eriksson 1989). Hypericum brachyphyllum (facultative
reseeder/resprouter) and Hypericum chapmanii (obligate reseeder) have higher germination
immediately after fires than during fire-free periods (Chapter 2). Although H. brachyphyllum
mainly reseeds following fires, it can resprout after low intensity fires if the root crown remains
undamaged. Hypericum chapmanii is killed by fires and recruits exclusively from seeds
(Chapter 2). The seed bank dynamics and life spans of these plants have not been documented.
Hypericum species were separated into life stages based on field observations.
Hypericum microsepalum life stages were identified as seedling, juvenile, and reproductive
adult. Seedlings were any individuals that had germinated from seed and were less than 5 cm in
height. Excavation from outside plots indicated physical differences between seedlings and
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resprouts (i.e., juveniles). Juveniles were resprouts and any other individuals greater than 5 cm
in height but not reproducing, and reproductive adults were any plants producing flowers or
fruits. Hypericum brachyphyllum life stages were also divided into seedling, juvenile, and
reproductive adult. Seedlings were defined as those individuals with ovate leaves similar to the
cotyledons. They were considered juveniles after producing a pair of true, needlelike leaves.
New resprouts were considered juveniles until they produced fruits. Reproductive adults were
any plants producing flowers or fruits. Finally, H. chapmanii had seedling, juvenile, and
reproductive adult stages with the same definitions used for H. brachyphyllum recruitment from
seed.

Field Methods
During summer 2005, I established five continuous belt transects of 50 1 x 1 m plots to
examine the habitat characteristics and the distribution and density of Hypericum reseeders and
resprouters (Appendix D). Each belt transect was positioned along a different ecocline (site)
from upland flatwoods through wet depression prairies to cypress lowlands. Transects were
established perpendicular to the slope and centered along the ecocline. Sites were approximately
0.5 km apart and located along ecoclines with different recent fire histories. Prescribed fires had
burned upland flatwoods within the last 5-10 years. Fires are increasingly heterogeneous and
rare down slopes, so it is difficult to estimate when the most recent fire spread into wet
depression prairies and cypress lowlands. It had likely been 30 or more years since the last fire
spread into some patches, particularly in cypress lowlands.
Each 1 x 1 m plot along the continuous belt transects was sampled for habitat and
vegetation variables. Elevation was measured using a GTS-213 Electronic Total Station.
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Coordinates were estimated using a global positioning system (GPS). Hemispherical
photographs were taken at each plot (30 cm above ground level) with a fish-eye lens, and
analyzed with Gap Light Analyzer software (version 2.0 Simon Fraser University, Burnaby, BC,
Canada) to determine percent light transmittance (Frazer et al. 1999). The upper 10 cm of
mineral soil from each plot was collected and analyzed by the Louisiana State University
Agriculture Center Central Analytical Instruments Research Lab for macronutrients and pH.
Percent soil moisture was measured 8-10 cm below the soil surface in November, 2005 (in dry
season) and January, 2006 (in the wet season) using an Aquateer EC300 digital soil moisture
meter. Burned plots were defined as those that had burned during a prescribed fire within the
last two years, and unburned plots had not burned for at least five years. Charring on stems and
vegetation structure were used to determine proportion of plots burned. Finally, each plot was
sampled for Hypericum stem density by species and life stage (seedling, juvenile, or reproductive
adult).

Statistical Methods
Habitat variables were compared by position along the ecoclines. The relationships between
topography and edaphic characteristics were similar along all transects sampled. Therefore, all
data were pooled for analyses. Relative elevation for each plot along the belt transects was used
in a cluster analysis in Primer-E to divide the plots into three elevation categories (Figure 3.1A;
Appendix E; upland (n=60), intermediate (n=137), and lowland (n=53); Clarke and Gorley
2006). Soil mineral concentrations were log transformed to meet the assumption of homogeneity
of variance (Steele and Torrie 1980). I then used a two-way mixed-model analysis of variance
(ANOVA) in SAS (version 9.2, Cary institute, Cary, NC, USA) to test for differences among soil
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variables, proportion of plots burned, and plant densities among elevation categories (P≤0.05).
Significant mean ranks were separated using Tukey‟s HSD test for pairwise comparison (Steele
and Torrie 1980).

Pinus palustris

Serenoa
repens

Small
shrubs

Hypericum
chapmanii
Shrubs

30-50 cm

Groundcover
grasses & herbs

Taxodium distichum

Upland
flatwoods

Treeless wet
depression prairie

Lowland cypress
savanna

Figure 3.1. Diagrammatic representation of plant assemblages along a gradual topographic and
soil moisture gradient in coastal pine savannas of Northern Florida. Diagram is based on past
studies (e.g., Olson and Platt 1995, Drewa et al. 2002, Peet 2006, Carr et al. 2010) and our field
observations.

Plants often have high spatial autocorrelation. Mothers, siblings, and new recruits of the
same species are frequently spatially autocorrelated and may be falsely associated with a
particular habitat (Harms et al. 2001, Hall et al. 2004). Most statistical tests assume that plants
are independent in distribution along environmental gradients when in fact they are not. To
avoid this assumption, I used ring translation tests to determine habitat associations of
Hypericum species while accounting for spatial autocorrelation.
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Habitat associations of each Hypericum species were analyzed by elevation category.
Ring translation tests were performed in Matlab (version R2007b, Mathworks, Inc., Natick, MA,
USA) by comparing actual densities of Hypericum species to densities expected under a null
model in which species are distributed independently of one another. To determine null values,
ecocline plot data were lined up end to end to form a habitat ring. The null values were then
calculated as the average of the densities by elevation category after rotation around the habitat
ring to each possible location (using 1 m step lengths). A species was considered statistically
associated with a habitat if its actual density was more extreme than the 95% confidence interval
of the simulated relative densities derived from probability distributions (sensu Harms et al.
2001, Hall et al. 2004). Ring translation tests were performed for each species and each species
by stage (reproductive adult, juvenile, or seedling) with the exception of H. microsepalum,
because no seedlings and few juveniles were present.

Results
Soil moisture differed by elevation category and season. Percent soil moisture in both the
wet and dry seasons was significantly higher at the lowland end than at the intermediate and
upland areas along ecoclines (Figure 3.2B; Wet season: F(2,247) = 144.7, P < 0.001; Dry season:
F(2,247) = 177.9, P < 0.001). Furthermore, in the upland areas average dry and wet season soil
moisture differed by 37.7%, whereas soil moisture in the intermediate and lowland areas varied
between seasons by 24.2% and 15.1%, respectively. Standing water was observed in lowland
plots during most of the wet season.
Physiographic changes along ecoclines were correlated with topography. Light
transmittance, soil pH, and concentrations of magnesium, phosphorous, potassium, and sodium
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Figure 3.2. Mean values (± S.E.) of environmental measurements along ecoclines divided into
three categories (upland, intermediate, and lowland) based on (A) relative elevation: (B) dry and
wet season soil moistures; (C) proportion of 1 x 1 m plots burned.
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differed significantly among upland, intermediate, and lowland plots along ecoclines (P < 0.05;
Appendix F). After accounting for elevation and soil moisture, these environmental variables do
not add significant explanatory power. Therefore, elevation and soil moisture are used as proxies
to discuss environmental differences along ecoclines. This is justified because researchers have
linked local differences in pine savanna community composition to edaphic variables, which can
be explained by topographic and soil moisture gradients (e.g., Brown et al. 1990, Kirkman et al.
2001, Jacqmain et al. 1999, Platt 1999, Carr et al. 2009).
There was a significant difference in proportions of upland, intermediate, and lowland
plots that burned during the most recent prescribed fire (F(2,247) = 214.5, P < 0.0001). I found
that 98.5% of upland, 52.5% of intermediate, and 5.4% of lowland plots burned (Figure 3.2C).
There was high variation in the number of intermediate plots burned, but comparatively small
variation in the number of upland and lowland plots burned (Figure 3.2C). During prescribed
fires many of the lowland plots and some intermediate plots had submerged or nearly submerged
ground layer vegetation, which made fire spread unlikely.
Hypericum species differed in distribution and density along ecoclines. Densities of H.
microsepalum reproductive adults were greater in upland than intermediate areas (Table 3.1).
No individuals occurred in lowland plots. The majority of H. microsepalum individuals were
reproductive adults and only a small number were juveniles (Figure 3.3A). No seedlings of this
species occurred in plots. Juvenile and reproductive adult densities of H. brachyphyllum were
significantly greater in intermediate and lowland plots as compared to upland plots (Table 3.1).
In addition, the number of seedlings significantly increased from upland to lowland plots (Figure
3.3B). Seedling and reproductive adult densities of H. chapmanii were significantly higher in
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lowland plots than intermediate and upland plots (Table 3.1). Juvenile densities of this species
only differed between upland and lowland plots (Figure 3.3C).

Table 3.1. Results from a two-way, mixed-model Analysis of Variance (ANOVA) comparing
total Hypericum species densities and Hypericum species densities by stage between upland,
intermediate, and lowland plots along pine savanna ecoclines.
Species

Stage

F(2,247)

P

HM* (resprouter)

JUV† & RA

44.22

<0.001

HB (reseeder/resprouter)

SDL & JUV & RA 1.43
SDL
4.70

0.240
0.010

JUV

0.216

HC (reseeder)

1.52

RA
1.63
SDL & JUV & RA 16.71
SDL
17.38

0.232
<0.001
<0.001

JUV

0.001

5.48

RA
22.79
<0.001
* HM, Hypericum microsepalum; HB, H. brachyphyllum; HC, H. chapmanii.
† SDL, seedling; JUV, juvenile; RA, reproductive adult.

Hypericum species had habitat associations with different elevation categories along
ecoclines. Hypericum microsepalum had positive associations with upland plots and negative
associations with intermediate and lowland plots (Table 3.2). Hypericum brachyphyllum and H.
chapmanii habitat associations differed when species were analyzed by stage. When all stages
were combined, H. brachyphyllum was positively associated with intermediate plots and
negatively associated with upland and lowland plots. When H. brachyphyllum was divided into
life stages, seedlings were positively associated with lowland plots and negatively associated
with upland and intermediate plots. Furthermore, juveniles were positively associated with

56

Average Density (#/m2)

A

40

H. microsepalum

Juveniles

30

Reproductive Adults
20

10

0

a

Upland

B

Seedlings

a

Intermediate

12

H. brachyphyllum
Average Density (#/m2)

Lowland

b

10
8
a
6

a

4

b

2
0

Upland

C

Intermediate

4

H. chapmanii
Average Density (#/m2)

Lowland

b

3

2
ab
a
1

0

Upland

Intermediate

Lowland

Figure 3.3 Mean density (± S.E.) of Hypericum species in upland, intermediate, and lowland
areas along ecoclines for Hypericum microsepalum (upper), H. brachyphyllum (middle), and H.
chapmanii (lower) divided into three life stages (seedlings, juveniles, and reproductive adults).
Letters on graph display the results of Tukey HSD pairwise comparisons (P ≤ 0.05) of density by
stage between elevation categories. Means with the same letters are not significantly different.
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Table 3.2. Results from ring translation tests by Hypericum species, life stages within species, and elevation category along ecoclines.
Species*
HM (resprouter)

Life Stage(s)†

Elevation Category

JUV & RA

Null (+/- 95% CI)

Actual

Association (+/-)‡

Upland
8.75 (+/- 1.04)
31.89
+
Intermediate
8.86 (+/- 0.41)
3.80
Lowland
8.88 (+/- 0.97)
0
HB (reseeder/resprouter)
SDL & JUV & RA
Upland
9.47 (+/- 0.87)
5.19
Intermediate
9.44 (+/- 0.41)
12.36
+
Lowland
9.46 (+/- 0.80)
6.58
SDL
Upland
1.26 (+/- 0.26)
0.19
Intermediate
1.26 (+/- 0.12)
0.15
Lowland
1.24 (+/- 0.24)
4.73
+
JUV
Upland
3.39 (+/- 0.40)
4.02
+
Intermediate
3.39 (+/- 0.19)
4.23
+
Lowland
3.40 (+/- 0.37)
0.93
RA
Upland
4.82 (+/- 0.57)
0.98
Intermediate
4.79 (+/- 0.30)
7.99
+
Lowland
4.82 (+/- 0.54)
0.92
HC (reseeder)
SDL & JUV & RA
Upland
2.91 (+/- 0.37)
0.49
Intermediate
2.89 (+/- 0.20)
4.53
+
Lowland
2.90 (+/- 0.35)
1.28
SDL
Upland
0.92 (+/- 0.12)
0.02
Intermediate
0.91 (+/- 0.06)
1.41
+
Lowland
0.92 (+/- 0.11)
0.58
JUV
Upland
1.40 (+/- 0.21)
0.11
Intermediate
1.39 (+/- 0.12)
2.45
+
Lowland
1.40 (+/- 0.20)
0.13
RA
Upland
0.58 (+/- 0.04)
0.36
Intermediate
0.58 (+/- 0.02)
0.67
+
Lowland
0.58 (+/- 0.04)
0.57
No Association
* HM, Hypericum microsepalum; HB, H. brachyphyllum; HC, H. chapmanii.
† SDL, seedling; JUV, juvenile; RA, reproductive adult.
‡ If the actual value lies outside of the null value +/- the 95% confidence interval, the species‟ stage(s) has an association with the habitat.
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upland and intermediate plots, and reproductive adults were positively associated with
intermediate plots. All other associations were negative. Hypericum chapmanii was positively
associated with intermediate plots when all stages are combined and when they are separated
(Table 3.2). All other associations were negative, with the exception of no habitat association of
reproductive adults with lowland plots. Hypericum species thus had different habitat
associations despite having overlapping distributions along ecoclines. (See Appendix G for
results of simple and partial Mantel tests.)

Discussion
Plants with different life histories tend to be segregated along ecoclines in pine savannas.
For instance, resprouting and reseeding species of Hypericum are associated with different
microsites along soil moisture and fire heterogeneity gradients. Hypericum microsepalum, an
obligate resprouter, had a positive habitat association in upland areas along ecoclines where the
last prescribed fire burned nearly all plots. Immediately following fires that kill aboveground
stems, H. microsepalum resprouts from underground structures, and the ramets resume flowering
within 1-2 years (Chapter 2). In contrast, H. brachyphyllum, a facultative reseeder/resprouter,
and H. chapmanii, an obligate reseeder, are most abundant in intermediate and lowland areas
along pine savanna ecoclines where fire spread becomes increasingly rare. Both species have a
pulse of seedling recruitment following fires and require three or more fire-free years to reach
reproductive maturity (Chapter 2). Therefore, Hypericum species that require different fire-free
periods before flowering are segregated along topographic, soil moisture, and fire gradients.
The association with different regions along ecoclines could vary among a plant‟s life
stages. Unlike the reseeder and resprouter, the facultative reseeder/resprouter (H.
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brachyphyllum) had different habitat associations when in different life stages. Seedlings were
positively associated with lowland areas, juveniles were weakly associated with upland and
intermediate habitats, and reproductive adults were only associated with intermediate areas along
ecoclines. Although seeds germinated in all areas along ecoclines, they failed to survive to a
reproductive stage. Failure to establish in lowland and upland regions of ecoclines could have
resulted from variation in soil moisture during dry and wet seasons. Similarly, seeds of Hakea
and Banksia reseeders dispersed and germinated outside of habitats of adult plants, but they
failed to become established (Davis 1991, Clarke et al. 1996, Williams and Clarke 1997, Virgona
et al. 2006). Low survival of these reseeders was attributed to limited availability of water.
Therefore, facultative reseeder/resprouters may have different habitat associations as conditions
change along ecoclines between wet and dry seasons.
Subtle environmental gradients along ecoclines likely segregate the distributions of
plants. In the present system, dispersal limitation should not influence the distribution of
Hypericum species, because their seeds are primarily dispersed by gravity, but can also move via
water (Robson 2003). Flooding occasionally extends from H. chapmanii and H. brachyphyllum
to H. microsepalum habitats, so seeds are transported to other habitats by floating on standing
water. Furthermore, H. microsepalum mainly spreads by clonal growth, which should not limit
its movement into lowland, mesic regions, yet there are few individuals of this species in the
intermediate areas and none in the lowland areas along ecoclines. Therefore, mechanisms other
than limited dispersal of seeds or restricted clonal growth appear to limit the distributions of
these species along pine savanna ecoclines. In the absence of dispersal limitation, it is likely that
Hypericum resprouters and reseeders sort along an environmental gradient that varies with
topography.
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Fires are frequent and less heterogeneous in upland, dry pine savannas where fuels are
continuous. Lightning-ignited fires burned up to five times per decade in the uplands of the St.
Joe Bay State Buffer Preserve (Huffman 2006). Fires in flatwoods remove shrubs from the
midstory, resulting in two distinct layers of vegetation with well-spaced pines in the overstory
and dense grasses and resprouting shrubs in the understory (Abrahamson and Hartnett 1990,
Olson and Platt 1995, Gilliam and Platt 1999, Platt 1999, Drewa et al. 2002, Peet 2006). Pine
needles from the overstory and high fuel loading (i.e., grasses and shrubs) in the understory
provide abundant fuels for fires (Myers 1985, Platt et al. 1988b, Platt 1999, Gilliam et al. 2006).
Furthermore, flatwoods are characterized by low soil moisture and little topographic relief (see
also Monk 1968, Peet 2006, Carr 2010). Therefore, the combination of level topography, high
fuel loading, and dry conditions enhances the uniform spread of fire across large areas in
uplands.
Small changes in fuel loading, topography, and edaphic characteristics cause variation in
fire spread along ecoclines. Pines decrease in abundance, reducing flammable fuels as upland
flatwoods transition to wet depression prairies along ecoclines (Fig. 1; Jacqmain et al. 1999,
Clewell et al. 2009, Carr et al. 2010). In addition, soil moisture increases, and so litter and
vegetation are less flammable than in upland regions of ecoclines (Kirkman et al. 2004, Platt et
al. 2006, Clewell et al. 2009). One consequence is that physical attributes of the habitat (e.g.,
local variations in topography, fuels, and soil moisture) should increase patchiness of fires
spreading downslope along ecoclines (sensu Jacqmain et al. 1998, Beckage et al. 2003, Slocum
et al. 2003). Also, wet depression prairies and cypress lowlands are predicted to burn less
frequently than adjacent upland flatwoods; fires typically begin in dry, upland areas and become
increasingly patchy in progressively wetter areas (Slocum et al. 2003). This creates patches of
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burned and unburned habitat on a small scale in intermediate areas, and primarily unburned
habitat in lowlands.
The segregation of plants may be associated with their life history requirements for fire.
For instance, woody resprouters that quickly regenerate following fires, such as H.
microsepalum, are adapted for frequent disturbances, such as those in upland pine savannas.
Research in southeast U.S. pine savannas (Olson and Platt 1995, Drewa et al. 2002, Drewa et al.
2006) and Australian heaths (Cary and Morrison 1995, Groeneveld et al. 2002) has shown
resprouters to be resilient in even the most frequently burned habitats. Thus, these species do not
typically require seed production for short-term persistence in an area (Keeley and Zedler 1978,
Verdù 2000, Bond and Midgley 2001, Galindez 2009, Reyes et al. 2009). In contrast, woody
reseeders, such as H. chapmanii, reestablish populations from dormant seeds after fires kill
established individuals (Chapter 2). Reseeders are hypothesized to be eliminated from a site if
fires occur repeatedly at intervals shorter than those required for maturation and seed set (Keeley
and Zedler 1978, Wooller et al. 2002). In other frequently-burned habitats, there are also
associations between fire frequency and the distribution of plants with different life histories. For
example, woody reseeders are more common in rock crevices, open microsites, or waterlogged
depressions that are less likely to burn than adjacent areas, which are dominated by resprouters
(Hawkes and Menges 1995, Menges and Kimmich 1996, Clarke 2002, Virgona et al. 2006,
Williams and Clarke 2006). Therefore, resprouters and reseeders might be restricted to habitats
with different fire frequencies, because they require different fire-free periods for persistence.
The distributions of Hypericum resprouters and reseeders could be limited by fire
frequency along ecoclines. The resprouting life history is more common in upland, dry habitats
that should burn during almost every fire (2-3 year frequency). In contrast, the reseeding life
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history is more common in intermediate, mesic areas along ecoclines. Fires that only
occasionally spread down slopes, perhaps once out of every 5-10 fires (10-30 year
frequency), should generate patches of burned and unburned areas. Some mesic microsites
should thus have long fire-free periods that favor reseeders adjacent to areas that experience
frequent fires, favoring resprouters. Furthermore, fires tend to vary in intensity downslope along
ecoclines (Slocum et al. 2003), generating patches with low intensity fires that should enable
resprouting as well as reseeding by the facultative reseeder/resprouter (Chapter 2). Therefore,
heterogeneity of fire spread and intensity over space and time may restrict Hypericum
resprouters and reseeders to higher and lower areas along ecoclines, respectively.
Intermediate fire frequencies may promote co-occurrence of woody reseeders and
resprouters. In most Mediterranean-type ecosystems, the co-occurrence of resprouters and
reseeders in the same habitat depends on intermediate fire frequencies at a landscape level (e.g.,
Keeley and Zedler 1978, Hawkes and Menges 1995, Groeneveld et al. 2002, Ojeda et al. 2005).
Fires in these ecosystems typically remove above ground biomass from large areas (e.g., more
than 80,000 ha in California chaparral; Keeley et al. 2006). Thus, fire intervals at a landscape
level should be intermediate between the needs of resprouters and reseeders (Hawkes and
Menges 1995, Bradstock et al. 1996, Groeneveld et al. 2002, Watson et al. 2009).
I expand this concept to include landscapes that experience frequent fires, but also a
range of fire frequencies at a very small scale (< 5 m2). Pine savannas as a whole represent one
end of a fire frequency continuum, but if that continuum is rescaled on a local level, dry uplands
would be at the high fire frequency end and wet lowlands would be at the low fire frequency end,
with reseeders and resprouters co-occurring in intermediate areas along ecoclines. This is where
the fire frequency is highly variable, allowing plants with both life histories to maintain viable
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populations. Therefore, I propose that a complex interaction between habitat characteristics and
fire spread creates heterogeneous microsites. This, in turn, allows reseeders and resprouters to
co-occur along the same ecoclines in fire-frequented pine savannas.
Environmental and fire heterogeneity gradients may synergistically interact to increase
biodiversity in southeastern U.S. pine savannas. Environmental differences among microsites
alter the likelihood of fire spread. This, in turn, may promote the co-occurrence of Hypericum
species with different life histories. Fire heterogeneity also likely increases the co-occurrence of
other species. For instance, Brewer et al. (2009) found that variation in fire frequency is
necessary for the long-term co-occurrence of species that differ in their reproductive investment
following fires (i.e., clonal growth or flowering). In fact, spatial variation in fire frequency and
intensity may be important for co-occurrence of many species in fire-frequented habitats (Olson
and Platt 1995, Jacqmain et al. 1999, Kirkman et al. 2004, Thaxton and Platt 2006). Therefore,
fire heterogeneity, which interacts with environmental characteristics, likely promotes high
biodiversity at a large scale by increasing co-occurrence at a small scale.
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CHAPTER FOUR:

EFFECTS OF ENVIRONMENTAL GRADIENTS ON
THE DISTRIBUTION AND DEMOGRAPHY OF
RESPROUTERS AND RESEEDERS (HYPERICUM SPP.)
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Introduction
Resources and/or disturbances along environmental gradients (i.e., ecoclines) may limit
the distribution of plants in pine savannas of southeastern North America. Fine scale differences
in topography and soil moisture cause variation in the distribution of plant species along
ecoclines (Marks and Harcombe 1981, Abrahamson and Hartnett 1990, Platt and Schwartz 1990,
Peet and Allard 1993, Jacqmain et al. 1999, Drewa et al. 2002, Carr et al. 2009). Subtle variation
in physical conditions along ecoclines also results in spatially heterogeneous fires over time,
creating habitat patches with different fire return intervals (Jacqmain et al. 1999, Beckage et al.
2003, Slocum et al. 2003, Chapter 2). Differences in disturbance frequency within microsites, in
turn, may segregate plants that have different life history requirements for fire (Olson and Platt
1995, Jacqmain et al. 1999, Drewa et al. 2002, Kirkman et al. 2004, Thaxton and Platt 2006).
Therefore, distributions of plants along environmental gradients in fire-frequented habitats
should be influenced by life history traits, such as resprouting and reseeding following fire.
Obligate resprouters are resistant to fire once they are established. Resources stored in
buds enable rapid regeneration of ramets after aboveground stems are killed (Bowen and Pate
1993, Bellingham and Sparrow 2000, Bond and Midgley 2001, Vesk and Westoby 2004).
These plants are predicted to be insensitive to changes in environmental conditions along
gradients (Lloret et al. 2005). Furthermore, even short intervals between fires do not limit their
distributions because seedling recruitment is not critical for local persistence (Cary and Morrison
1995, Olson and Platt 1995, Drewa et al. 2002, Groeneveld et al. 2002). Thus, life history traits
of resprouters should not restrict the distributions of these species along environmental gradients.
In contrast, obligate reseeders are resilient, recovering after fires that kill adults. These
species recruit from seeds in the seed bank following disturbances (Gill 1981, Gill and Bradstock
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1992, Keeley et al. 2006). Seedlings of obligate reseeders are predicted to be sensitive to
environmental conditions immediately after germination, and thus mortality may vary along
gradients (Specht 1981, Keeley and Soderstrom 1986, Auld 1987, Zammit and Westoby 1987,
Thomas and Davis 1989, Smith et al. 1992, Ladd et al. 2005, Thomas et al. 2010). Furthermore,
reseeding species often require long fire-free periods to reach reproductive maturity and may go
locally extinct in habitats if fire intervals are short (Keeley and Zedler 1978, Watkinson and
White 1986, Enright and Lamont 1989, Bellingham and Sparrow 2000, Wooller et al. 2002).
These characteristics suggest that reseeders should be more sensitive than resprouters to changes
in environmental conditions and should have more limited distributions along environmental
gradients.
The objective of this study was to explore effects of environmental conditions on the
local distributions and demography of resprouters and reseeders along ecoclines. Three species
of Hypericum that are closely related (Crocket et al. 2004), but differ in their responses to fire
and distributions along Northern Florida pine savanna ecoclines were examined (Chapters 2 and
3). Hypericum microsepalum, an obligate resprouter, and H. chapmanii, an obligate reseeder,
are separated spatially, with the former in upland flatwoods and the latter in cypress lowlands.
Hypericum brachyphyllum, a facultative reseeder/resprouter, is intermediate in distribution and
occasionally co-occurs with the other species (Chapters 2 and 3). I hypothesize that reseeders
are more sensitive to changes in environmental conditions than resprouters and will have a more
limited distribution along ecoclines. In contrast, resprouters should not be sensitive and would
be capable of surviving outside of their observed distribution. To test these hypotheses, plants
were reciprocally transplanted within and beyond their observed distribution limits along pine
savanna ecoclines and sampled for survival, growth, and fecundity over three years. Results of

73

this study were used to infer the relative importance of local environmental characteristics on the
distributions of congeneric woody reseeders and resprouters along ecoclines in frequently burned
pine savannas.

Methods
Study Site
This study was conducted in coastal pine savannas of the St. Joseph Bay State Buffer
Preserve in Gulf County, FL (85°16' N latitude, 29°42' W longitude; Appendix A). The preserve
contains a series of parallel ancient ridges and swales connected by seepage slopes. Ridges and
swales differ in elevation by less than two meters. The upland, ridge soils are Leon fine sand
with a seasonal high water table at a depth of 15-45 cm (Soil Survey 2010). Pickney and Rutlege
soils are in the lowland swales where the seasonal high water table is above the surface of the
soil from November to May (Soil Survey 2010). Thus, slopes have a water table that is
increasingly closer to the surface of the soil from upland to lowland habitats.
The St. Joseph Bay State Buffer Preserve contains diverse assemblages of plant species
that vary among ridges, seepage slopes, and swales. Small changes in elevation (less than 50
cm) between coastal ridges and swales result in very different habitats and plant assemblages.
The ridges are subxeric sandy flatwoods with little topographic relief and well-spaced longleaf
(Pinus palustris) and slash pine (P. elliottii) typical of upland coastal pine savannas in Florida
(Abrahamson and Hartnett 1990, Platt 1999, Peet 2006, Carr et al. 2010). The diverse understory
contains native grasses, (e.g., Aristida beyrichiana, Sporobolus floridanus), as well as forbs
intermixed with woody shrubs (e.g., Ilex glabra, Kalmia hirsuta, Quercus minima, Serenoa
repens). The lowlands swales are typically cypress (Taxodium distichum) savannas or cypress-
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titi (Cyrilla racemiflora) depressions (Platt 1999, Carr et al. 2010). Lowlands have an overstory
dominated by cypress (Taxodium distichum) and a shrub understory dominated by titi (Cyrilla
racemiflora, Cliftonia monophylla) interspersed with marshes dominated by sawgrass (Cladium
jamaicense). The transitions between these habitats are treeless wet depression prairies (Peet
2006, Clewell et al. 2009, Carr et al. 2010). They contain species from flatwoods and lowland
habitats in addition to some wet prairie specialists such as sundew (Drosera capillaris),
yelloweyed grass (Xyris caroliniana), Godfrey‟s butterwort (Pinguicula ioantha), and
meadowberry (Rhexia alifanus), among others. Although flatwoods, wet prairies, and cypress
lowlands are distinct habitats, the borders between them are not distinct (Appendix B). I
therefore use the term „ecocline‟ to describe the gradual transition from flatwoods to lowlands
where one community grades into and is replaced by another (e.g., Clements 1936).
Frequent prescribed fires are used to manage southeastern U.S. pine savannas, like those
in uplands of the SJBSBP. Fires in flatwoods remove shrubs from the midstory, resulting in two
distinct layers of vegetation with well-spaced pines in the overstory and dense grasses and small
shrubs in the understory (Abrahamson and Hartnett 1990; Gilliam and Platt 1999, Platt 1999,
Peet 2006). Flatwoods of the SJPSBP historically burned up to five times per decade in
lightning-ignited growing season fires (Huffman 2006). Wet depression prairies and cypress
lowlands are predicted to burn less frequently than adjacent upland flatwoods; fires typically
begin in dry, upland areas and become increasingly patchy in progressively wetter areas (Slocum
et al. 2003). Accordingly, the SJBSBP is burned with predominantly growing season prescribed
fires ignited in upland areas on a 1-4 year rotation (J. Huffman, pers. comm.). Fires only spread
to wet prairies and cypress lowlands if the continuity of fuels and climatic conditions are
favorable (Crandall, pers. observation).
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Study Species
Hypericum microsepalum, H. brachyphyllum, and H. chapmanii are evergreen,
arborescent plants that co-occur along coastal ecoclines of the Florida panhandle (nomenclature
follows Godfrey 1988; Appendix C). Hypericum microsepalum and H. brachyphyllum are
shrubby in habit, producing multiple reproductive shoots from the base; whereas H. chapmanii
produces a single stem with thick, flaky bark (Godfrey 1988, Robson 2003). All species produce
perfect flowers and septicidal capsules containing numerous seeds. Gravity and occasionally
birds disperse seeds (Godfrey 1988, Robson 2003). The seed bank dynamics and life spans of
these plants have not been documented.
Hypericum microsepalum, H. brachyphyllum, and H. chapmanii differ in their
distributions along ecoclines and responses to fire. Hypericum microsepalum is found in upland
flatwoods where soil moisture is low and fires are frequent (Chapter 3). This species is an
obligate resprouter and rarely recruits from seeds following fires (Chapter 2). Hypericum
brachyphyllum is most abundant in treeless wet depression savannas that grade into lowland
cypress depressions. Fires are heterogeneous in these habitats, because fuels are patchy and soil
moisture is high (Slocum et al. 2003, Chapter 3). Hypericum brachyphyllum is a facultative
reseeder/resprouter and can regenerate from root crowns following low intensity fires, but is
killed by fires of moderate to high intensity (Chapter 2). It can also germinate from seeds stored
in a soil seed bank. In contrast, H. chapmanii is most abundant in wet, lowland cypress
depressions. This habitat often has standing water during much of the year making fires rare
(Chapter 3). Hypericum chapmanii is an obligate reseeder and recruits exclusively from seeds in
a soil seed bank following fires that kill established plants (Chapter 2). Although these species
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are most abundant in different microhabitats along pine savanna ecoclines, they frequently cooccur.

Field Methods
The distribution of Hypericum species along ecoclines was used to select transplant
locations. I selected eight ecoclines that extended from upland flatwoods through wet prairie
depressions to cypress lowlands. These ecoclines were divided into elevation classes (upper,
middle, and lower) that were separated by approximately 10 cm change in elevation. I
established five 1 x 1 m plots at each of these three elevations along each of eight ecoclines (120
total plots). Hypericum density was used to establish three locations for transplant plots (upper,
middle, and lower) along each ecocline that corresponded to where each species was most
abundant.
Hypericum species vary in density along ecoclines. Hypericum microsepalum
(resprouter) and H. chapmanii (reseeder) had significantly higher abundances in upper and lower
locations along ecoclines, respectively (P < 0.05; Figure 4.1). They only co-occur in middle
locations. Hypericum brachyphyllum was most abundant in middle locations along ecoclines (P
< 0.05), but it is found at all three locations (Figure 4.1). The distributions of these three species
overlap in middle locations along ecoclines.
Transplant plots were established in upper, middle, and lower locations where each of the
three species was most abundant. As a result, three sets of plots (roughly 10 cm changes in
elevation between each) occurred along ecoclines. Ecoclines in eight different locations (sites)
comprised blocks, four established in 2006 and four additional established in 2007. Each block
(site) was positioned along a different slope and had a different recent burn history (season
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and/or year), but all blocks had burned within the last three years. These fires did not spread
downslope into lowland areas. Plots were not burned for the duration of the study.
Reciprocal transplanting was used to simulate establishment in different habitats along
pine savanna ecoclines. Plugs measuring 30 x 30 cm and 30 cm deep were transplanted during
the winter, dormant season (January). Each plug contained at least ten established individuals.
No effort was made to remove local sediment from the transplant plugs to reduce damage to
roots and/or rhizomes. Hypericum microsepalum individuals were transplanted in middle and
lower plots on the ecocline into H. brachyphyllum and H. chapmanii habitats, respectively
(Figure 4.1). H. brachyphyllum individuals were transplanted in lower and middle plots into H.
chapmanii and H. microsepalum habitats, respectively. Finally, H. chapmanii individuals were
transplanted in H. brachyphyllum and H. microsepalum habitats, which were middle and upper
plots (Figure 4.1). Two types of controls were used to test for an effect of transplanting alone:
unaltered and transplanted back into the same habitat. Plants were measured for growth,
fecundity, and survival every two months from time of transplant through 2008. I also surveyed
a larger 1 x 1 m plot surrounding the transplant plots for new recruits.

Statistical Methods
I found no differences in the results between unaltered controls and transplanted controls.
Survival, annual growth, and fecundity did not differ for all three species (P > 0.05). There were
also no differences in H. microsepalum sprout production (P > 0.05). Transplanting itself had no
effect and thus, unaltered controls were not included in analyses. All references to controls in
the results and figures refer to only the transplanted controls.
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Figure 4.1. Average density (+S.E.) of Hypericum species in the upper, middle, and lower
regions along ecoclines prior to transplantation. Approximately a 10 cm change in elevation
along ecoclines separates upper from middle positions and middle from lower positions.

New recruits in and around the transplant plots were rare. Hypericum microsepalum had
a total of nine new recruits from underground rhizomes and no new seedlings. Three of the
recruits survived more than six months. A total of three H. brachyphyllum and two H.
chapmanii seedlings were observed in control plots during the three year study. Only one of the
H. chapmanii seedlings survived greater than six months. No seedlings of these species were
observed in or around plots transplanted out of the original sites. Because recruitment occurred
at low densities, new individuals were not included in analyses.
I tested the effects of transplanting on the survival probability of each Hypericum species.
Differences in survival following transplantation were tested using PROC LIFETEST in SAS
version 9.2 (SAS 2009). This test uses an accelerated failure-time analysis, which assumes that
environmental factors have a multiplicative effect on time to mortality, and thus shift time
periods when failures occur (Fox 1993, Denham and Auld 2004). I fit separate models for each
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species by reciprocal transplant plot location with a log-log transformation and an underlying
Weibull distribution of failure time. Overall differences in treatments were examined using both
the Wilcoxon and log-rank Chi-Square tests. Wilcoxon and log rank tests put more weight on
early and larger survival times, respectively. The same tests were repeated using life stage
(reproductive or vegetative adult) to test for treatment effects on survival while controlling for
effects of life stage. To make pairwise comparisons between curves, Tukey adjustment and
Wilcoxon Chi-Square scores were used.
Data were analyzed for differences in annual growth, fecundity (# of fruits), and branch
production (H. microsepalum only) between transplant treatments. These data were combined
by year (not time since transplant), because there was no statistical difference in the measured
variables between sites by year when combined in this way. Thus, variation in growth and
fecundity was associated with environmental conditions within calendar years more than from
time since transplant. A log transformation was used on the growth, fecundity, and branch
production data to meet normality assumptions. Data were tested for homogeneity of variance
and analyzed using the PROC MIXED procedure in SAS version 9.2 (SAS 2009). Growth per
year was also analyzed with fecundity as a covariate to determine if fruit production results in a
change in annual growth. Significant results (P > 0.05) were further tested for pairwise
differences using Tukey tests (Steele and Torrie 1980).

Results
Hypericum reseeders and resprouters had similarities and differences in their
demographic responses after transplanting. Survival of H. microsepalum, H. brachyphyllum, and
H. chapmanii decreased over time. There was a 10 to 30% probability that individuals would
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survive to 1000 days (Figure 4.2). The probability of survival was not influenced by life stage.
Growth rates among years differed between species. Hypericum microsepalum had greater
annual growth as time-since-transplanting increased (Figure 4.3A). In contrast, H.
brachyphyllum had similar annual growth for all three years, and H. chapmanii had greater
annual growth in Year 1 than Years 2 and 3 (Figure 4.3B,C). All three species had low or no
fruit production in the first year after transplanting (Figure 4.4A-C). Fruit production was
greater in Years 2 and 3 as compared to Year 1. In all cases, production of fruits did not have a
significant correlation with annual growth (P > 0.05). Therefore, Hypericum species had similar
overall trends in survival and fecundity over time despite differences in annual growth.

Hypericum microsepalum, Obligate Resprouter
Survival of the obligate resprouter differed by transplant location along ecoclines.
Hypericum microsepalum had the greatest probability of survival in middle plots along ecoclines
(Figure 4.2A). No individuals were recorded in middle areas along ecoclines prior to
transplanting (Figure 4.1). Thus, H. microsepalum had the greatest probability of survival in
areas where it was not found prior to transplanting. Survival probability was also greater in
lowland as compared to upland (control) plots (Figure 4.2A). Hypericum microsepalum also was
not found in lowland plots prior to transplanting (Figure 4.1). Log-rank and Wilcoxon scores
were significant (P<0.0001) for all pairwise comparisons of survival probability curves.
Therefore, survival probability of the obligate resprouter was greatest in middle and lowland
plots where they do not naturally occur.
Despite differences in survival, there were no differences in growth between transplant locations.
Annual growth of H. microsepalum did not differ between transplant plot locations for
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Figure 4.2. Survival probability functions over time for H. microsepalum (upper), H.
brachyphyllum (middle), and H. chapmanii (lower) transplanted into the same and different
elevations. The survival probability function is based on failure-time analysis of survival after
transplanting. Original habitat is indicated with an asterisk.
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Figure 4.3. Mean annual growth (± S.E.) at each reciprocal transplant location for H.
microsepalum (upper), H. brachyphyllum (middle), and H. chapmanii (lower). Original habitat
is indicated with an asterisk. Annual growth in upper plots is not displayed for H.
brachyphyllum and H. chapmanii because high mortality resulted in fewer survivors.
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Figure 4.4. Mean fecundity (±S.E.) at each reciprocal transplant location for H. microsepalum
(upper), H. brachyphyllum (middle), and H. chapmanii (lower). Original habitat is indicated
with an asterisk. Annual growth in upper plots is not displayed for H. brachyphyllum and H.
chapmanii because high mortality resulted in fewer survivors.
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each year (P > 0.05; Figure 4.3A). There were, however, differences in growth between years in
all three plot locations. The rate of growth approximately doubled during each year following
transplanting. Hypericum microsepalum is an obligate resprouter, so an increase in growth rate
indicated an increase in the size of ramets. Therefore, differences in transplant locations along
ecoclines did not significantly affect the growth rate of individual ramets.
The obligate resprouter‟s fecundity varied by year and transplant location. Hypericum
microsepalum individuals produced no or few fruits in Year 1 for all transplant locations (Figure
4.4A). Fruit production increased in all plots during Year 2. Fecundity of H. microsepalum did
not differ between treatments in years 1 and 2 (P > 0.05). Fruit production decreased in middle
and upper (control) plots in Year 3 as compared to Year 2. In contrast, there was some
indication that during Year 3 fecundity was greater for individuals transplanted in lower plots as
compared to those in upper (control) plots (P = 0.056; Figure 4.4A). Therefore, during Year 3,
the obligate resprouter had higher fecundity when transplanted outside of its original habitat into
lowland plots where it had an intermediate probability of survival.
Transplanting also had an effect on the number of H. microsepalum sprouts. The
resprouter, which can produce new aerial stems from the root crown, all had approximately one
stem/sprout when the experiment was initiated (Figure 4.5). Individuals in all locations
produced new sprouts during Years 2 and 3. There was no difference in the number of sprouts
between plants in middle and upper (control) plots for all years (P > 0.05). During Year 3,
resprouters in lowland plots produced significantly more sprouts than those in upper (control)
plots (P = 0.019). This indicated there was a greater increase in sprout production between
Years 2 and 3 in lowland plots as compared to the other transplant plots. Therefore, more
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sprouts were produced during Year 3 by individuals transplanted into lowland plots where they
also had higher fecundity and an intermediate probability of survival.
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Figure 4.5. Mean number (± S.E.) of H. microsepalum sprouts/stems produced from root crowns
at each reciprocal transplant location. Original habitat is indicated with an asterisk.

Hypericum brachyphyllum, Facultative Reseeder/Resprouter
The facultative reseeder/resprouter had different probabilities of survival in each
transplant locations. Log-rank and Wilcoxon scores were significant (P<0.0001) for all pairwise
comparisons of survival probability curves (Figure 4.2B). Survival of H. brachyphyllum was
highest in middle (control) plots and intermediate in lowland plots. The lowest probability of
survival (< 10%) was in upper plots (Figure 4.2B). Therefore, H. brachyphyllum had the greatest
survival in middle plots in its original habitat. Furthermore, a greater number of plants survived
in wet, lowland areas along the ecocline as compared to dry, upper areas.
The facultative reseeder/resprouter had similar trends in annual growth and reproduction
for each transplant location. Individuals transplanted in upper plots are not included on annual
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growth or fecundity figures because of small sample sizes (i.e., low survival) in years 2 and 3.
Hypericum brachyphyllum grew 3-8 cm per year with no differences between middle (control)
and lowland plots (P>0.05; Figure 4.3B). This species did not produce fruits during Year 1
(Figure 4.4B). Reproductive adults had approximately 28 fruits per plant in Year 2 and 40 fruits
per plant in Year 3. There was no significant difference in the number of fruits produced in
middle (control) and lower plots for each year (P > 0.05; Figure 4.4B). Therefore, transplanting
had no effect on the annual growth or fecundity of H. brachyphyllum whether in its original
habitat or downslope in lower plots.

Hypericum chapmanii, Obligate Reseeder
The probability of survival differed by transplant location for the obligate reseeder. Logrank and Wilcoxon scores were significant (P < 0.0001) for all pairwise comparisons of survival
probability curves (Figure 4.2B). Survival of H. chapmanii was highest in lower (control) plots
and intermediate in middle plots. Individuals in upper plots had approximately a 10%
probability of survival after three years (Figure 4.2B). Therefore, H. chapmanii had the greatest
survival in lower plots where it occurs naturally. Furthermore, a greater number of plants
survived in middle areas along the ecocline as compared to dry, upper areas.
The obligate reseeder had similar trends in annual growth and reproduction for each
transplant location. Individuals transplanted in upper plots are not included on annual growth or
fecundity figures because of small sample sizes (i.e., low survival) in years 2 and 3. Annual
growth of H. chapmanii was approximately 8 cm in Year 1 and lower (2-4 cm) in Years 2 and 3
(Figure 4.3A). There was no difference in annual growth between middle and lowland (control)
plots for each year (P > 0.05). Hypericum chapmanii did not produce fruits during Year 1
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(Figure 4.4C). During Years 2 and 3, reproductive adults produced about 8-10 fruits per
individual. There were no differences in fecundity between middle and lowland (control) plots
for each year (P > 0.05). Therefore, there was no effect of transplanting on annual growth and
fecundity of H. chapmanii whether it was in its original habitat or upslope in middle plots.

Discussion
Hypericum reseeders and resprouters differed in their responses to reciprocal
transplanting along an environmental gradient. Hypericum microsepalum, an obligate
resprouter, was a habitat generalist. It had higher survival in addition to higher fecundity and
sprout production when transplanted down ecoclines from its original habitat into wetter areas
(Table 4 .1). Therefore, it should be able to persist in habitats outside of its observed
distribution, including lowland areas where standing water often submerged living plants. In
contrast, H. brachyphyllum, a facultative reseeder/resprouter, and H. chapmanii, an obligate
reseeder, were habitat specialists. They had the greatest survival in their original habitats. Both
species had lower survival and no changes in growth or fecundity when transplanted up or down
ecoclines from their original habitat (Table 4.1). Therefore, my results are consistent with my
original hypothesis that the reseeder should be more sensitive than the resprouter to changes in
environmental conditions and thus should have more limited distributions along environmental
gradients.
Plants often have a narrow distribution despite tolerance of a wide range of conditions along
environmental gradients. For instance, H. microsepalum was able to survive outside of its
original habitat. In fact, it had the lowest survival and fecundity in its original, dry habitat where
it was most abundant. Therefore, the limited distribution of established plants of this species
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Table 4.1. Summary of results for transplant experiment. Species had a positive (+), negative
(-), or no response (0) to transplanting out of their original habitat. NA indicates not applicable.

Variable Measured
Survival
Annual growth
Fecundity
# of sprouts

H. microsepalum
(resprouter)

H. brachyphyllum
(reseeder/ resprouter)

H. chapmanii
(reseeder)

+
0
+
+

0
0
NA

0
0
NA

(i.e., juveniles and reproductive adults) cannot be explained solely by environmental conditions
or by tradeoffs between survival and growth or fecundity (Johansson 1994, Russo et al. 2008,
Hereford 2009). Instead, there may be limitations to early recruitment in lowland, wet habitats.
Seeds of H. microsepalum are dispersed to lowland areas (Chapter 3), but no seedling
recruitment was observed during this study. New recruits from rhizomes were observed, but few
survived more than six months. Thus, H. microsepalum rhizomes may not be able to tolerate
wet, and/or anoxic conditions or compete with neighbors during establishment and thus be
unable to spread into lowland areas along ecoclines. Similarly, Hartnett (1993) found that
competition with neighbors and limited resources controlled lateral expansion and dynamics of
ramets of a clonal grass, Panicum virgatum. My data similarly suggest that recruitment of
ramets outside the observed distribution may be limited by some characteristic of the habitat
and/or interactions with co-occurring species.
Some plants are habitat specialists and thus adapted to small portions of an environmental
gradient. These plants typically have higher survival in original habitats than in habitats outside
of their observed distribution (Kawecki and Ebert 2004, Nagy and Rice 1997, Galloway and
Fenster 2000, Hereford 2009, Latimer et al. 2009). For instance, H. brachyphyllum and H.
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chapmanii are predominantly in mesic areas along ecoclines and have low survival when
transplanted into dry, upland habitats. Hypericum brachyphyllum is capable of germinating in
upland habitats, but has high mortality in the seedling stage and is not able to grow to
reproductive maturity outside of its observed distribution (Chapter 3). In contrast, H. chapmanii
does not recruit in upland areas and has low survival when transplanted there. I predict low
survival in upland habitats is the result of physiological intolerance to low soil moisture. Other
studies have found that physiological tolerances prevent species from occupying areas outside of
their natural distribution (e.g., Crain et al. 2004, Baltzer et al. 2005, Poot et al. 2008). For
example, Enright and Lamont (1992) studied the germination of Banksia reseeders along
ecoclines in southwestern Australia. They concluded that drought stress limits recruitment of
these species in dry habitats. Therefore, survival outside of the original habitat can be limited by
physiological intolerance for an environmental characteristic, such as soil moisture.
Subtle environmental changes at the edge of a species‟ observed distribution may
decrease survival probability. A plant‟s abundance should thus decrease from more favorable to
less favorable areas along environmental gradients as a plant becomes less tolerant of new
conditions (van der Maarel 1990, Kirkman et al. 1998, Kirkman et al. 2001, Redondo-Gomez et
al. 2007, Warren 2010). For instance, H. brachyphyllum and H. chapmanii have overlapping
distributions but are most abundant in middle and lower areas along ecoclines, respectively.
When reciprocally transplanted into each other‟s habitats, they have lower survival than in their
original habitat. I propose that characteristics of the habitat from which they came are more
favorable for establishment and persistence. When transplanted up or down the ecocline
conditions become increasingly unfavorable for persistence, resulting in lower survival. Similar
results were found by Angert and Schemske (2007), who reciprocally transplanted Mimulus
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species across an elevation gradient. They found that plants transplanted into habitats at the edge
of their elevation range had high mortality as well as reduced growth and fecundity. Changes
along environmental gradients, therefore, appear to restrict the distribution of some plants in
ways resulting in greatest abundance near the centers of their distributions.
Resprouting and reseeding life histories may be adaptations for survival in different
microsites along pine savanna ecoclines. Clonal growth often is proposed to enhance survival in
nutrient poor and/or heterogeneous habitats (Steufer et al. 1996, Hutchings and de Kroon 1994,
Hutchings and Wijesinghe 2008). In pine savannas, H. microsepalum, a clonal plant, is typically
in upland flatwoods where soils are sandy and soil moisture is often low, particularly during the
dry season (Chapter 3). Clonal growth may be an adaptation that allows these species to survive
droughts by “foraging” for resources. In contrast, reseeders tend to be sensitive to dry conditions
during early seedling recruitment (Auld 1987, Zammit and Westoby 1987, Thomas and Davis
1989, Smith et al. 1992, Ladd et al. 2005, Thomas et al. 2010). Therefore, H. brachyphyllum and
H. chapmanii may have a greater probability of seedling survival in wet, lowland areas that often
have standing water. Life history traits of resprouters and reseeders might explain differences in
distributions along environmental gradients.
The distribution of resprouters and reseeders along environmental gradients may also be
restricted by fire-flooding interactions. Low soil moisture and high fuel loading promote more
frequent and less heterogeneous fires in upland flatwoods. Fires become increasingly patchy in
progressively wetter areas along ecoclines (Whelan 1995, Slocum et al. 2003). Thus, fire
probability becomes increasingly rare down ecoclines from dry uplands to wet lowlands (Chapter
3). Therefore, variation in fire spread within an area might segregate species with different life
histories (e.g., Jacqmain et al. 1998, Kirkman et al. 2001, Clarke 2002, Drewa et al. 2002,

91

Virgona et al. 2006, Müller et al. 2007, Watson et al. 2009, Silva et al. 2010). I predict that
frequent fires in upland pine savannas favor resprouters over reseeders; the resprouters survive
fires and then rapidly resprout and flower between fires. Even very frequent fires are not
predicted to eliminate resprouters from a site (Bell and Ojeda 1999, Bell 2001, Bond and
Midgley 2001, Keeley et al. 2006). Furthermore, heterogeneous fires in middle areas along
ecoclines may have promoted the facultative reseeder/resprouter, because patches with low
intensity fires would allow this species to recruit by both resprouting and reseeding (Chapter 2).
The higher fire frequency in upper and middle habitats along ecoclines likely limited the
distribution of the reseeder to wet, rarely-burned habitats, because they require long fire-free
periods to reach maturity after germination of seeds (Chapter 2). Thus, differences in fire
frequency along environmental gradients might create a variety of microhabitats suitable for
resistant plants at the upper end and resilient plants at the lower end of pine savanna ecoclines.
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CHAPTER FIVE:

EFFECTS OF FIRE ON RECRUITMENT OF A PINE
SAVANNA OBLIGATE RESEEDER AND FACULTATIVE
RESEEDER/RESPROUTER (HYPERICUM SPP.)
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Introduction
Woody plant species in fire-dominated ecosystems have long been noted as responding to
disturbance in different ways (e.g., Noble and Slatyer 1980, Gill 1981, Grubb 1988). For
instance, obligate resprouters recover after fires, producing new above-ground ramets from buds
on underground structures (Bell and Ojeda 1999, Bell 2001, Bond and Midgley 2001). Although
they produce seeds, obligate resprouters typically have low recruitment from seeds following
fires (e.g., Enright and Lamont 1989; Eriksson 1989); populations change little after fires. In
contrast, obligate reseeders are killed by fires, so established plants no longer are present.
Nonetheless, populations typically regenerate from dormant seeds soon after disturbances
(Ostertag and Menges 1994, Bell and Ojeda 1999). Facultative reseeder/resprouters have the
capability both to reseed and resprout following fire (Keeley and Zedler 1978, Lamont 1985, Le
Maitre et al. 1992, Vesk and Westoby 2004). These species may recruit from seeds following
fires, depending on the species and environmental conditions (du Toit and Campbell 1999,
Bellingham and Sparrow 2000, McConnell and Menges 2002, Lloret et al. 2005, Buhk and
Hensen 2006, Vivian et al. 2010). Therefore, disturbance-coupled germination may be more
important for persistence of obligate reseeders than obligate resprouters or facultative
reseeder/resprouters.
Fires initiate an immediate, short-lived pulse of seedling recruitment for most obligate
reseeders and facultative reseeder/resprouters. Often seedling density is only high during the
first or second year after fire (Keeley and Zedler 1978, Zammit and Westoby 1988, Benwell
1998, Keeley et al. 2006, Galindez et al. 2009). Seedling mortality tends to be high during this
time as a result of environmental conditions (i.e., drought or flooding) and competition (Specht
1981, Keeley and Soderstrom 1986, Auld 1987, Zammit and Westoby 1988, Thomas and Davis
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1989, du Toit and Campbell 1999, Smith et al. 1992, Ladd et al. 2005, Thomas et al. 2010).
Therefore, rapid growth and transitioning to larger sizes shortly after initial recruitment have
been proposed as mechanisms whereby these species “reserve” a longer term space in the
community (Tárrega et al. 1995, Holmgren et al. 2000, Calvo et al. 2002, Calvo et al. 2005, Poot
et al. 2008, Potts et al. 2010). Larger plants are more likely than seedlings to survive adverse
environmental conditions and competition with neighbors (Erhlen and Eriksson 1996, Benwell
1998, Calvo et al. 1998, Benwell 2007). Post-fire environmental conditions should affect the
probability that seedlings will survive, grow to maturity, and persist in the population.
High seedling density and rapid growth after fire tend to be the result of one or more
direct effects of fire. For instance, fires consume aboveground biomass and litter, thereby
increasing soil heating and reducing light availability (Zammit and Westoby 1988, Roy and
Sonnie 1992, Baeza and Roy 2008), both of which have been shown to increase germination and
growth of obligate reseeders and facultative reseeder/resprouters (Keeley 1987, Whelan 1995,
Buhk and Hensen 2006, Schafer and Mack 2010). The removal of aboveground biomass also
increases seedling recruitment and growth of newly colonizing species by temporarily reducing
interspecific competition and increasing the availability of suitable microsites (DeSimone and
Zedler 1999, Petrů and Menges 2003, Franzese et al. 2009, Schafer et al. 2010). Furthermore,
nutrients released into the soil during fires may increase early growth of some species
(Christensen and Muller 1975, Moreno and Oechel 1991, Tárrega et al. 1995, Hanley and Fenner
1997, Baeza and Roy 2008). Finally, the heat and/or smoke from fires can break seed dormancy
and increase germination (Auld 1986, Buhk and Hensen 2006, Izhaki et al. 2000, Ooi et al. 2006,
Moreira et al. 2010). Therefore, fire, specifically, may not be required to initiate seedling
recruitment of obligate reseeders or facultative reseeder/resprouters. Instead, post-fire
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environmental changes may produce a pulse of seedlings and growth of new recruits.
The objective of this study is to determine the effects of fire on seedling recruitment and
transition to juvenile and reproductive adult stages of Hypericum species in high fire-frequency
pine savannas. Different direct effects of fire on early demography were tested by manipulating
heat/smoke, aboveground biomass and litter removal, and nutrient release. Hypericum
chapmanii, an obligate reseeder, and H. brachyphyllum, a facultative reseeder/resprouter were
selected for this study because they are closely related (Crockett 2004) and co-occur along
ecoclines in frequently-burned pine savannas of northern Florida (see Chapter 3). Furthermore,
both species have seedling pulses within a year following growing season fires (see Chapter 2).
Hypericum microsepalum, an obligate resprouter, was initially included in this study, but later
removed because it had low recruitment from seed (see Chapter 2). Results were used to
develop hypotheses regarding the direct effects of fire on seedling recruitment and indirect
effects on transitions of obligate reseeders and facultative reseeder/resprouters in frequentlyburned pine savannas.

Methods
Study Site
I conducted this study in coastal pine savannas of the St. Joseph Bay State Buffer
Preserve in Gulf County, FL (85°16' N latitude, 29°42' W longitude; Appendix A). The preserve
contains a series of parallel ancient ridges and swales connected by seepage slopes. Ridges and
swales differ in elevation by less than two meters. The upland, ridge soils are Leon fine sand
with a seasonal high water table at a depth of 15-45 cm (Soil Survey 2010). Pickney and Rutlege
soils are in the lowland swales where the seasonal high water table is above the surface of the
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soil from November to May (Soil Survey 2010). Thus, slopes have a water table that is
increasingly closer to the surface of the soil from upland to lowland habitats.
The St. Joseph Bay State Buffer Preserve contains diverse assemblages of plant species
that vary among ridges, seepage slopes, and swales. Small changes in elevation (less than 50
cm) between coastal ridges and swales result in very different habitats and plant assemblages.
The ridges are subxeric sandy flatwoods with little topographic relief and well-spaced longleaf
(Pinus palustris) and slash pine (P. elliottii) typical of upland coastal pine savannas in Florida
(Abrahamson and Hartnett 1990, Platt 1999, Peet 2006, Carr et al. 2010). The diverse understory
contains native grasses (e.g., Aristida beyrichiana, Sporobolus floridanus) as well as forbs
intermixed with woody shrubs (e.g., Ilex glabra, Kalmia hirsuta, Quercus minima, Serenoa
repens). The lowlands swales are typically cypress (Taxodium distichum) savannas or cypresstiti (Cyrilla racemiflora) depressions (Platt 1999, Carr et al. 2010). Lowlands have an overstory
dominated by cypress (Taxodium distichum) and a shrub understory dominated by titi (Cyrilla
racemiflora, Cliftonia monophylla) interspersed with marshes dominated by sawgrass (Cladium
jamaicense). The transitions between these habitats are treeless wet depression prairies (Peet
2006, Clewell et al. 2009, Carr et al. 2010). They contain species from flatwoods and lowland
habitats in addition to some wet prairie specialists such as sundew (Drosera capillaris),
yelloweyed grass (Xyris caroliniana), Godfrey‟s butterwort (Pinguicula ioantha), and
meadowberry (Rhexia alifanus), among others. Although flatwoods, wet prairies, and cypress
lowlands are distinct habitats the borders between them are not distinct (Appendix B). Therefore
the term „ecocline‟ is used to describe the gradual transition from flatwoods to lowlands where
one community grades into and is replaced by another (e.g., Clements 1936).
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Frequent prescribed fires are used to manage southeastern U.S. pine savannas, like those
in uplands of the SJBSBP. Fires in flatwoods remove shrubs from the midstory, resulting in two
distinct layers of vegetation with well-spaced pines in the overstory and dense grasses and small
shrubs in the understory (Abrahamson and Hartnett 1990; Gilliam and Platt 1999, Platt 1999,
Peet 2006). Flatwoods of the SJPSBP historically burned up to five times per decade in
lightening-ignited growing season fires (Huffman 2006). Wet depression prairies and cypress
lowlands are predicted to burn less frequently than adjacent upland flatwoods; fires typically
begin in dry, upland areas and become increasingly patchy in progressively wetter areas (Slocum
et al. 2003). Accordingly, the SJBSBP is burned with predominantly growing season prescribed
fires ignited in upland areas on a 1-4 year rotation (J. Huffman, pers. comm.). Fires only spread
to wet prairies and cypress lowlands if the continuity of fuels and climatic conditions are
favorable (Crandall, pers. observation).

Study Species
Hypericum chapmanii and H. brachyphyllum are evergreen, arborescent plants that cooccur along coastal ecoclines of the Florida panhandle (nomenclature follows Godfrey 1988;
Appendix C). Hypericum brachyphyllum is shrubby in habit, producing multiple reproductive
shoots from the base; whereas H. chapmanii produces a single stem with thick, flaky bark
(Godfrey 1988, Robson 2003). All species produce perfect flowers and dehiscent, septicidal
capsules containing numerous seeds. Gravity and occasionally birds disperse seeds (Godfrey
1988, Robson 2003). The seed bank dynamics and life spans of these plants have not been
documented.
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Hypericum chapmanii and H. brachyphyllum differ in their distributions along ecoclines
and responses to fire. Hypericum brachyphyllum is most abundant in treeless wet depression
savannas that grade into lowland cypress depressions. Fires are heterogeneous in these habitats,
because fuels are patchy and soil moisture is high (Slocum et al. 2003, see Chapter 3).
Hypericum brachyphyllum is a facultative reseeder/resprouter and can regenerate from root
crowns following low intensity fires, but is killed by fires of moderate to high intensity (see
Chapter 2). It can also germinate from seeds stored in a soil seed bank. In contrast, H.
chapmanii is most abundant in wet, lowland cypress depressions. This habitat often has standing
water during much of the year, making fires rare (see Chapter 3). Hypericum chapmanii is an
obligate reseeder and recruits exclusively from seeds in a soil seed bank following fires that kill
established plants (see Chapter 2). Although these species are most abundant in different
microhabitats along ecoclines, they frequently co-occur.
Hypericum species were separated into life stages based on field observations. Life
stages of H. chapmanii and H. brachyphyllum were divided into seedling, juvenile, and
reproductive adult. Seedlings were defined as those individuals with ovate leaves similar to the
cotyledons. They were considered juveniles after producing a pair of true, needlelike leaves.
Reproductive adults were any plants producing flowers and fruits. Resprouting individuals of H.
brachyphyllum were excluded from analyses, because I only examined recruitment and growth
from seed.

Field Methods
During spring 2006, I established plots to examine the demography of Hypericum
species. A total of 144 1 x 1 m plots containing H. brachyphyllum or H. chapmanii were
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randomly positioned along eight ecoclines (sites) in wet depression prairies or cypress lowlands,
respectively. Sites were approximately 0.5 km apart and located along different ecoclines with
difference recent fire histories. Prescribed fires had burned upland flatwoods within the last 5-10
years. Fires are increasingly heterogeneous and rare down slopes, so it is difficult to estimate
when the most recent fire spread into wet depression prairies and cypress lowlands. It had likely
been 30 or more years since the last fire spread into some patches, particularly in cypress
lowlands.
Prior to applying treatments, I examined demographic characteristics of H. chapmanii
and H. brachyphyllum. Plots were sampled in the spring of 2006 for density of Hypericum
species in each life stage. This sampling was necessary to test for pretreatment differences in
density by site. These data were also used to test for effects of pretreatment densities of
reproductive adults on post-treatment densities of seedlings.
Experimental treatments were applied during July and August of 2006. Treatments were
implemented during the growing season to mimic the timing of natural lightning-ignited fires in
southeastern U.S. pine savannas (Slocum et al. 2010). A randomized block design was used to
assign treatments to 144 1 x 1 m plots in eight sites. In addition to the sampling plot, a one meter
buffer area also received treatments to avoid edge-effect. All treatments were applied to two
plots per species in each site.
Experimental treatments mimicked different direct effects of fire. The treatments were:
controls (no manipulations), vegetation clipped at ground level, vegetation clipped at ground
level then ash added, and ash added to unburned/unclipped plots. See Table 5.1 for a short
description of treatments. In CLIP ONLY and CLIP + ASH plots, I removed all leaves from
woody plants while leaving as much branch material as possible. Understory herbaceous plants
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were clipped at ground level. All plants were thus clipped so the level of damage (i.e., leaf
death) and vertical structure was similar that that observed after fires. All clippings and litter
were removed from CLIP ONLY and CLIP + ASH plots including buffer areas. Clippings from
CLIP ONLY and CLIP + ASH plots were burned in a burn barrel and divided. The resulting ash
was spread evenly across ASH ONLY and CLIP + ASH plots including buffer areas.
CONTROL and ASH ONLY plots were unaltered with the exception of ash added to ASH
ONLY plots from clippings collected from CLIP ONLY plots and burned. Plots were sampled
for seedling, juvenile, and reproductive adult density of Hypericum species during the spring
(May) and fall (November) for three years.

Table 5.1. Description of experimental treatments designed to test for the effects of fire on
seedling recruitment and growth of H. chapmanii and H. brachyphyllum. Treatment main effects
are indicated by a “+”.
Treatment direct effects
Heat &
smoke

Biomass &
litter removal

Nutrient release

Treatment

Description

BURN

Plots burned with backing fires

+

+

+

CONTROL

Unaltered to test effects of clipping and/or
ash addition

-

-

-

CLIP ONLY

Plants clipped; clippings and litter
removed

-

+

-

ASH ONLY

Clippings and litter collected from CLIP
ONLY plots, burned, and ash spread
evenly across the plots

-

-

+

CLIP + ASH

Plants clipped; clippings and litter
removed, burned, and ash spread evenly
across plots

-

+

+
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I determined individual effects of fire by comparing results from plots with different
disturbance treatments. CONTOL, CLIP ONLY, ASH ONLY and CLIP + ASH plots were used
to test removal of biomass and litter and/or nutrient addition. See Table 5.1 for a summary of
anticipated treatment effects. Thus, CONTROL plots served as a test of no ash and no clipping
(Table 5.2). Significant results from experimental treatment plots were compared with burned
plots (BURN) to test for any direct or indirect effects of fire not present in the other treatments
(e.g., heat and/or smoke). BURN plots were considered a second control (sensu Platt et al. 1988,
Olson and Platt 1995) to test against any significant effects of removal of biomass and litter
and/or nutrient addition. BURN plots were burned with backing fires ignited with a drip torch so
that they burned across the plot. Fires resulted in the scorch and death of all aboveground
vegetation, but woody stems and branches remained standing, resulting in a similar vertical
structure as in CLIP ONLY and CLIP + ASH plots. Thus, BURN plots were controls used to
examine direct (heat and/or smoke) and indirect effects of fire that were not mimicked in the
other treatments.

Table 5.2. Factorial treatment combinations of clipping and ash addition and the representative
treatments (all capitalized). Presence/absence of clipping and ash addition are in columns and
rows, respectively.
Clip

No Clip

Ash

CLIP + ASH

ASH ONLY

No Ash

CLIP ONLY

CONTROL
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Statistical Methods
I tested for differences in pretreatment and post-treatment Hypericum densities by life
stage. All density data were log transformed to meet requirements for homogeneity of variances.
I then used a two-way mixed-model analysis of variance (ANOVA) to test for differences in
pretreatment and post-treatment densities for each species by time and life stage (P≤0.05). An
analysis of covariance (ANCOVA) was used to test for differences in post-treatment densities
while accounting for pretreatment densities of reproductive adults. Significant mean ranks were
separated using Tukey‟s HSD test for pairwise comparison (Steele and Torrie 1980).
The effects of fire were determined by contrasting densities of seedlings and juveniles
between treatment plots. Reproductive adults were not included in these analyses because of
small sample sizes. Factorial analysis with a Bonferroni adjustment was used to test for separate
and combined effects of clipping and ash addition (Table 5.2; SAS 2009). CLIP ONLY and
CLIP + ASH treatments were compared to ASH ONLY and CONTROL PLOTS to test for direct
effects of biomass and litter removal on seedling and juvenile densities. ASH ONLY and CLIP
+ ASH treatments were compared to CLIP ONLY and CONTROL plots to test for direct effects
of ash addition. Finally, CLIP ONLY and ASH ONLY were contrasted with CLIP + ASH and
CONTROL to test for a combined effect of biomass and litter removal as well as ash addition.
Significant treatment effects (P < 0.05) of clipping and/or ash addition were then compared to
results of BURN plots to test for other direct (heat and/or smoke) and indirect effects of fire. Ttests were used for contrasts between densities of seedlings or juveniles in BURN plots and any
significant treatments effects as determined from factorial analyses. All statistical tests were
performed in SAS version 9.2 (SAS 2009).
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Results
Plots had similar densities of Hypericum species prior to application of treatments. There
were no significant differences in seedling, juvenile, or reproductive adult densities of H.
chapmanii or H. brachyphyllum prior to applying treatments (P > 0.05). I assumed that number
of seeds in the seed bank in plots were similar for each species because the density of
reproducing plants did not differ pretreatment. Furthermore, differences in post-treatment
seedling densities did not differ when pretreatment reproductive adult densities were included as
a covariable in analyses (no differences in results of ANOVAs and ANCOVAs). Thus,
pretreatment reproductive adult densities did not significantly affect post-treatment seedling
densities.
Hypericum chapmanii and H. brachyphyllum had disturbance-coupled recruitment during
the first year following treatments. Neither species required all components of fire to recruit
from seed. During the spring of year 1, H. chapmanii and H. brachyphyllum biomass and litter
removal plots (Table 5.1) had approximately 45-75 and 40-45 seedlings per 1 x 1 m, respectively
(Figures 5.1A, 5.2A). CONTROL and ASH ONLY plots for both species had 20 or fewer
seedlings per plots. There was no interactive effect of ash addition and clipping (CLIP + ASH;
Tables 5.3, 5.4). For H. chapmanii, there was an effect of clipping in the fall and spring of year
1, and some evidence that ash addition increased seedling density in spring of year 1. There
were no large differences in seedling density of H. chapmanii between clipped and BURN plots
(Year 1 - Fall: t = -0.14, P = 0.89; Year 1 - Spring: t = 1.45, P = 0.16) or ash addition and BURN
plots (Year 1 - Spring: t = 2.44; P = 0.10). For H. brachyphyllum, there was some evidence that
ash increased seedling density in fall of Year 1, and clipping increased seedling density in spring
of Year 1. In both instances, seedling densities of H. brachyphyllum were similar in clipped and
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BURN plots (Year 1 - Spring: t = 1.00, P = 0.33) and in ash addition and BURN plots (Year 1 Fall: t = 0.33; P =0.75). Thus, both species had a flush of seedling recruitment following
disturbances that removed biomass and litter and/or added nutrients and did not require heat
and/or smoke (BURN) for germination.

Table 5.3. Results of factorial experiments testing the effects of clipping and ash addition on the
seedling and juvenile densities of Hypericum chapmanii, an obligate reseeder.
Life History Stage

Time

Source of Variation

F1,51

P

Seedlings

Year 1 - Fall

Clip

5.41

0.0240

Ash

0.01

0.9402

Clip X Ash

2.08

0.1558

Clip

192.24

<0.0001

Ash

3.73

0.0591

Clip X Ash

2.26

0.1391

Clip

4.58

0.0371

Ash

0.34

0.5606

Clip X Ash

0.49

0.4867

Clip

13.00

0.0007

Ash

1.39

0.2444

Clip X Ash

0.02

0.8861

Clip

29.82

<0.0001

Ash

0.41

0.5273

Clip X Ash

2.71

0.1061

Clip

6.40

0.0146

Ash

1.65

0.2043

Clip X Ash

0.01

0.9294

Clip

30.05

<0.0001

Ash

0.11

0.7444

Clip X Ash

0.11

0.7444

Clip

0.49

0.4858

Ash

0.01

0.9167

Clip X Ash

0.07

0.7919

Clip

0.42

0.5186

Ash

0.74

0.3929

Clip X Ash

0.54

0.4677

Clip

7.21

0.0097

Ash

0.43

0.5426

Clip X Ash

0.05

0.8165

Year 1 - Spring

Year 2 - Fall

Year 2 - Spring

Year 3 - Fall

Juveniles

Year 1 - Fall

Year 1 - Spring

Year 2 - Fall

Year 2 - Spring

Year 3 - Fall
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A
100

F4,66 = 0.78
P = 0.54

F = 1.74
P = 0.15

F = 73.81
P < 0.05

Seedling Density (#/m2)

70
60
50
40

F = 3.71
P < 0.05

Control
Ash only
Burn
Clip only
Clip + Ash

b
c

b b

30
a a a
b
c
c

20
10

a a

b

Spring
Pretreatment

Juvenile Density (#/m2)

25

Fall

F4,66 = 0.73
P = 0.51

Spring

Fall

F = 12.58
P < 0.05

F = 4.87
P < 0.05

Year 1

F = 2.43
P = 0.06

Spring

Year 2

F = 3.71
P < 0.05

Fall

Year 3

F = 5.25
P < 0.05

b

20

b

b

15

10

5

a a

Spring

Fall

Pretreatment

12

a a

a a

a a

b b b

0

C

b b

a a

a a

Reproductive Adult Density (#/m2)

b

a a

0

B

F = 9.50
P < 0.05

b b

90
80

F = 2.08
P = 0.09

Spring

Fall

Spring

Year 1

F4,66 = 0.62
P = 0.66

F = 112.88
P < 0.05

F = 121.48
P < 0.05

a

Fall

Year 2
F = 55.81
P < 0.05

Year 3

F = 48.06
P < 0.05

F = 64.94
P < 0.05

a

10
a

a

a

a

a

8
a

a

a

6

4

2
b b b

0

Spring

Pretreatment

Fall

Year 1

b b b
Spring

b b b
Fall

Year 2

b b b
Spring

b b b
Fall

Year 3

Figure 5.1. Mean density (± S.E.) of Hypericum chapmanii in different life stages before
treatments were applied and five seasons following treatments. Life stages were divided into (A)
seedlings, (B) juveniles, and (C) reproductive adults. See Table 5.1 for a description of
treatments. Results of Tukey‟s HSD test for pairwise comparison of density by treatment within
each sampling period are indicated with letters. The result of a two-way, mixed-model Analysis
of Variance (ANOVA) is reported above bars for each time step. Bars with the same letter are
not significantly different (P < 0.05) within each time step.
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The two species differed in responses after the initial flush of seedling recruitment.
Clipping significantly increased seedling densities of H. chapmanii during all sampling periods
(Table 5.3). The effects of burning and clipping on seedling densities did not differ (P > 0.05 for
each t-test comparison, years 2 and 3). There were also no overall treatment effects of seedling
density after the first year (Figure 5.1A). This can be attributed to decreased germination over
time, high seedling mortality, and seedlings transitioning to juvenile stages. In contrast,
recruitment was low in all H. brachyphyllum plots during the fall of year 2, but increased again
during the spring of year 2 (Figure 5.2A). There was some evidence that clipping increased
seedling density in fall of year 2, but this increase did not differ from BURN plots (t = -0.36; P =
0.72). There were no significant effects of clipping and/or ash on seedling density during all
other sampling periods (Table 5.4), and no overall differences between treatments (Figure 5.2A).
High variation in seedling recruitment of H. brachyphyllum after year 1 was likely related to
environmental conditions and not treatment effects. Both species had an overall decrease in the
density of seedlings after year 1 and thus primarily recruited shortly after disturbances that
remove biomass and litter.
Approximately one year post-treatment, H. chapmanii began transitioning from seedlings to
juveniles. There was a significant effect of clipping on juvenile density during year 1, because
clipping reduced the number of juveniles as compared to no clipping (Table 5.3). In year 2, there
were significantly more juveniles in burn plots than no burn plots, which indicated that H.
chapmanii growth was enhanced by fire (see results of pairwise comparisons on Figure 5.1B).
Furthermore, in year 2, there were no differences in juvenile density among the unburned plots
(CONTROL, ASH ONLY, CLIP ONLY, and CLIP + ASH). In the fall of year 3, there were
higher juvenile densities in biomass and litter removal plots as compared to CONTROL and
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Table 5.4. Results of factorial experiments testing the effects of clipping and ash addition on the
seedling and juvenile densities of Hypericum brachyphyllum, a facultative reseeder/resprouter.
Life History Stage

Time

Source of
Variation

F1,51

P

Seedlings

Year 1 - Fall

Clip

<0.01

0.9810

Ash

3.78

0.0574

Clip X Ash

0.20

0.6596

Clip

22.92

<0.0001

Ash

0.92

0.3418

Clip X Ash

0.13

0.7169

Clip

3.57

0.0644

Ash

0.18

0.6708

Clip X Ash

0.18

0.6708

Clip

1.97

0.1670

Ash

<0.01

0.9966

Clip X Ash

0.25

0.6216

Clip

3.30

0.0751

Ash

0.41

0.5273

Clip X Ash

2.71

0.1061

Clip

30.34

<0.0001

Ash

0.03

0.8552

Clip X Ash

0.58

0.4511

Clip

37.22

<0.0001

Ash

0.06

0.8079

Clip X Ash

0.06

0.8079

Clip

0.49

0.4858

Ash

0.01

0.9167

Clip X Ash

<0.01

0.9963

Clip

0.01

0.9197

Ash

<0.01

0.9517

Clip X Ash

1.17

0.2853

Clip

3.57

0.0644

Ash

0.43

0.5137

Clip X Ash

<0.01

0.9914

Year 1 - Spring

Year 2 - Fall

Year 2 - Spring

Year 3 - Fall

Juveniles

Year 1 - Fall

Year 1 - Spring

Year 2 - Fall

Year 2 - Spring

Year 3 - Fall
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Clip + Ash
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a a
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0
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Fall

Spring

Pretreatment

Fall

Year 1

Spring

Fall

Year 2

Year 3

B
Juvenile Density (#/m2)

90
80

70
60
50
40
30

a

a

20
a

a

10

b b b

0
Spring

Fall

F4,66 = 0.38
P = 0.83

F = 36.81
P < 0.05

Pretreatment

Reproductive Adult Density (#/m2)

C

25

b b b

Year 1

Spring

F = 30.86
P < 0.05

Fall

F = 11.05
P < 0.05

Year 2

Spring

F = 7.29
P < 0.05

Fall

Year 3

F = 1.10
P = 0.36

a

a
20

a

a

a

15

a

10
a
a

5

b b b

0
Spring

Pretreatment

Fall

Year 1

b b b
Spring

b b b
Fall

b b b

Year 2

Spring

Fall

Year 3

Figure 5.2. Mean density (± S.E.) of Hypericum brachyphyllum in different life stages before
treatments were applied and five seasons following treatments. Life stages were divided into (A)
seedlings, (B) juveniles, and (C) reproductive adults. See Table 5.1 for a description of
treatments. Results of Tukey‟s HSD test for pairwise comparison of density by treatment within
each sampling period are indicated with letters. The result of a two-way, mixed-model Analysis
of Variance (ANOVA) is reported above bars for each time step. Bars with the same letter are
not significantly different (P < 0.05) within each time step.
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ASH ONLY plots (Table 5.1, Figure 5.1B). Clipping thus increased juvenile density during year
3 (Table 5.3), but the effect did not differ from burning (t = 1.74; P = 0.0920). Therefore, most
individuals required less time to transition to the juvenile stage in burn plots as compared to
clipped and/or ash addition plots.
Hypericum brachyphyllum also began transitioning to juveniles one year post-treatment.
There was a significant effect of clipping on juvenile density during year 1, because clipping
reduced the number of juveniles as compared to no clipping (Table 5.4). In years 2 and 3, the
density of juveniles did not differ between treatments and controls; all plots had less than ten
juveniles per 1 x 1 m plot (see results of pairwise comparisons on Figure 5.2B). Furthermore,
the density of juveniles in biomass and litter removal plots did not increase over time. Despite
this result, there were likely new individuals transitioning to juveniles in year 3 as others were
transitioning to reproductive adults (Figure 5.2B,C). The density of juveniles in CONTROL and
ASH ONLY plots decreased over time because plants were dying or transitioning to reproductive
adults (Figure 5.2B,C). Thus, there was no effect of treatments on transition from seedling to
juvenile stages. This indicated that no specific effect of fire promotes transition of H.
brachyphyllum from seedling to juvenile stage.
Hypericum chapmanii required more time to reach reproductive maturity than H.
brachyphyllum. In year 3, there were one to three H. brachyphyllum reproductive adults per 1 m
x 1 m in biomass and litter removal plots (Table 5.1, Figure 5.1C). There were no differences in
the number of reproductive adults in treatment and control plots. In contrast, no H. chapmanii
reproductive adults were observed in biomass and litter removal plots during this study (2.5
years post-treatment) (Figure 5.1C). For all time steps, the number of H. brachyphyllum and H.
chapmanii reproductive adults did not differ between CONTROL and ASH ONLY plots.
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Therefore, fire alone (BURN) did not increase the density of H. brachyphyllum reproductive
adults. It also did not decrease its time to reproduction. It is unknown whether fire will
eventually result in greater densities of H. chapmanii reproductive adults as it did for juveniles in
years 2 and 3.

Discussion
Recruitment of seedlings was coupled to treatments that created open microsites (i.e.,
removed biomass and litter) for both the obligate reseeding (H. chapmanii) and facultative
reseeding/resprouting species (H. brachyphyllum). Other studies also have found increased
recruitment by obligate reseeders and facultative reseeder/resprouters after fire or other
disturbances that create gaps (Bell et al. 1995, Potash and Agee 1998, McGuire et al. 2001,
McConnell and Menges 2002, Luna et al. 2007). Soil temperature and light levels, both of which
are higher in gaps, may facilitate germination and growth of many species (Eriksson and Ehrlen
1992, Greenberg et al 1995, Whelan 1995, Auld and Bradstock 1996, Petrů and Menges 2003,
Heisler et al. 2004). For instance, Le Maitre et al. (1992) found that seedlings recruited after
fires, but also in locations where established plants died and created open spaces in the intervals
between fires. Therefore, post-disturbance recruitment and growth often requires only open
space (gaps) and not fire specifically.
Heat and/or smoke from fires are often required for seedling recruitment of obligate
reseeding species. In Mediterranean-type systems, seedling densities tend to be higher after fire
than after clipping (Tyler 1996, Lloret et al. 1999; Fernández-Santos et al. 1999, Luna and
Moreno 2009, Potts et al. 2010). These differences have been attributed to heat and/or smokeinduced germination (Auld 1986, Izhaki et al. 2000, Calvo et al. 2005, Buhk and Hensen 2006,
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Ooi et al. 2006, Moreira et al. 2010) or the opening of serotinous cones (Lamont et al. 1991,
Tyler 1995, Groom and Lamont 1996, Enright et al. 2007). In contrast, H. chapmanii and H.
brachyphyllum do not require fire to facilitate seedling recruitment. I found no differences in
seedling recruitment of either species between burn plots and clipping plus nutrient addition
plots. Therefore, I infer that heat and/or smoke are not required to break seed dormancy of these
obligate reseeders and facultative reseeder/resprouters.
Nutrient release from fires is short-lived and thus should only cause differences in
seedling recruitment and growth shortly after germination. I found an increase in seedling
recruitment of Hypericum species during the first year following ash addition, and no differences
in transitions to juvenile stages. Typically nutrient cycling and availability following fire is a
short term effect (Marion et al. 1991, Shafer and Mack 2010). For instance, Schafer and Mack
(2010) studied effects of fire on soil nutrients in Florida palmetto flatwoods and found that fire
caused only a short term increase in extractable nitrogen (2 months) and phosphate (4 months).
Thus, nutrient release from fires should increase growth immediately after fires (Christensen and
Muller 1975, Moreno and Oechel 1991, Tárrega et al. 1995, Hanley and Fenner 1997, Baeza and
Roy 2008), but there are some exceptions because nutrient availability should be influenced by
climatic conditions (Hulbert 1988, Moreno and Oechel 1991, Izhaki et al. 2000, Heisler et al.
2004). I propose that any effect of nutrient release should be minor or short-lived in pine
savannas when seedling pulses occur months following fires. If seedlings had recruited during
the first four months following fires (sensu Schafer and Mack 2010), there might have been a
greater difference in seedling recruitment between clipped plots with and without ash addition.
Therefore, the effect of ash on growth of obligate reseeders tends to be short-lived and only
applicable to species that germinate within a few months post-fire.
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A pulse of seedling recruitment is common after fires and other disturbances that open
gaps, creating suitable microsites. Both H. brachyphyllum and H. chapmanii had a pulse of
seedlings in open microsites following clipping or burning. A large seedling pulse was only
observed during the first spring after treatments, but there was evidence that seedling densities
were greater in clip and burn plots during all years. In southeastern U.S. pine savannas,
lightning-ignited fires typically occur in the growing season (Huffman 2006) and seedling
recruitment of these species is thus delayed until 9-10 months post-disturbance following the
winter wet season (Ostertag and Menges 1994, Lambert and Menges 1996, Carrington 1999,
Carrington and Keeley 1999). Furthermore, open microsites are short-lived in these habitats,
because resprouting and recruitment from seed quickly result in the closing of gaps that were
opened during fires (Peet and Allard 1993, Platt 1999, Petrů and Menges 2003, Iacona et al.
2010). Thus, it was unlikely that Hypericum species had suitable open microsites for recruitment
from seed in the second and third years following disturbances. Species that require open
microsites for recruitment would be less likely to recruit as the time-since-fire increases.
Therefore, seedling survival and growth are important for maintaining viable populations in the
intervals between fires.
Rapid growth after fires should increase a species‟ probability of persisting in a
population. Fire, specifically, caused H. chapmanii individuals to transition to the juvenile stage
faster as compared to other biomass and litter removal treatments. Many studies have also found
that fires, not individual effects of fire, are important for growth and transition of reseeding
species (Tyler 1996, Taylor et al. 1998, McConnell and Menges 2002, Heisler et al. 2004,
Ansley and Castellano 2007). For instance, Baeza and Roy (2008) found that an obligate
reseeder matured faster after fire as compared to clipping, which they attributed to increased
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nutrients from ash and increased light availability. Increased growth, in turn, has been directly
correlated with increasing survival (Erhlen and Eriksson 1996, Benwell 1998, Calvo et al. 1998,
Benwell 2007). Therefore, persistence following disturbances is more likely when growth of
reseeding species is rapid, particularly if environmental conditions become adverse.
I propose that fire indirectly facilitated the growth of H. chapmanii to the juvenile stage.
This prediction is based on observations that juvenile H. chapmanii in burn plots were more
common at the bases of other resprouting grasses and shrubs (Appendix H). Immediately
following fires, there are open microsites for H. chapmanii to recruit from seed. During this
time, other species are also recruiting from seeds and sprouts (Peet and Allard 1993, Platt 1999,
Drewa et al. 2002, Petrů and Menges 2003). I suggest that as these species become established,
they create moist, shaded microsites ideal for H. chapmanii growth and transition to juvenile
stage. Thus, fires create suitable conditions for H. chapmanii recruitment immediately following
fires, as well as promote the resprouting of plants that later act to facilitate H. chapmanii growth.
Similarly, Holmgren et al. (2000) found higher seedling survival and growth in burned plots
when compared to clipped plots in Chilean shrubland. They observed that early seedling
survival was higher under the shade of large, resprouting shrubs, which had been promoted by
fire. Therefore, fires may facilitate the regeneration of nurse plants, thereby having an indirect
effect on growth of obligate reseeders.
Fires directly and indirectly facilitated the persistence of Hypericum species by
stimulating seedling recruitment and growth. Both species had seedling pulses in open
microsites following fires. Large pulses of seedling recruitment following disturbances have
been suggested to increase the likelihood that some individuals will survive and mature because
seedling mortality is often high (Warner and Chesson 1985, Enright et al. 2007). Furthermore,

120

seedlings are more sensitive to environmental conditions than older, more established, plants
(Auld 1987, Zammit and Westoby 1987, Thomas and Davis 1989, Ladd et al. 2005, Thomas et
al. 2010). Thus, persistence of obligate reseeders and facultative reseeder/resprouters is more
likely when growth is rapid. For instance, H. brachyphyllum began producing seeds two years
following fires and should maintain viable populations in habitats with frequent fires.
Furthermore, fires indirectly stimulated transition of H. chapmanii to juveniles by possibly
enhancing resprouting of associated grasses and shrubs. Since fires decreased the amount of
time required for H. chapmanii to reach the juvenile stage, they may also reduce the time
required to reach reproductive maturity. Therefore, fires increase the likelihood that Hypericum
species will persist by reducing their vulnerability to local extinction, particularly when fires are
frequent.
Plants that require different fire-free intervals to reach reproductive maturity might be
segregated along a fire frequency gradient. Short time-to-reproduction implies that a species can
maintain a viable population when fire return intervals are short (Keeley and Zedler 1978,
Enright and Lamont 1989, Wooller et al. 2002). Therefore, Hypericum brachyphyllum is less
likely than H. chapmanii to go locally extinct when fires are frequent, because it can recruit from
seeds, mature, and produce new seeds within two years post-fire. The frequency of fires in wet
depression prairies might thus exclude H. chapmanii, which requires long fire-free periods to
reach reproductive maturity, and restrict its distribution to lowland depressions where fires are
rare. Therefore, differences in time-to-reproduction may be associated with the slightly
different, yet overlapping distributions of Hypericum species along a fire frequency gradient.
Population dynamics and distributions of H. chapmanii and H. brachyphyllum are
affected by fires. Thus, fires are an important disturbance along pine savanna ecoclines where
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they decrease in frequency and heterogeneity down slopes. No single direct effect of fire has the
same positive effect as fire on both seedling recruitment and growth of obligate reseeders and
facultative reseeder/resprouters. Furthermore, fires control the distribution of species by
eliminating slow-maturing species, such as H. chapmanii, from frequently-burned areas along
ecoclines. In contrast, fast-maturing species, such as H. brachyphyllum, can maintain viable
populations where fire intervals are short. Therefore, the persistence of obligate and facultative
reseeding plants in different areas along ecoclines appears directly related to fire and its effects.
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CHAPTER SIX:

CONCLUSION
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General Implications
In this dissertation, I developed general hypotheses regarding the persistence and cooccurrence of woody resprouters and reseeders in a fire-frequented pine savanna in southeastern
North America. My hypotheses were based on field observations of the fire responses,
distributions, and early demography of Hypericum microsepalum, H. brachyphyllum, and H.
chapmanii along fire-frequented pine savanna ecoclines that extend from upland flatwoods
through wet depression prairies to lowland cypress depressions. I explore hypotheses regarding
the importance of heterogeneity in the occurrence of fire along ecoclines in persistence of pine
savanna resprouters and reseeders. My hypotheses also include interactive effects involving
physical characteristics of the environment that change along ecoclines and heterogeneity of fires
as influences on co-occurrence of plants with different life histories.

Ecology of Hypericum Reseeders and Resprouters
Hypericum species had high recruitment following disturbances, but fire responses
differed by species. Hypericum microsepalum, H. brachyphyllum, and H. chapmanii differ in
their ability to spread clonally and resprout following fire and clipping. Hypericum
microsepalum is an obligate resprouter. Immediately following fires that kill aboveground
stems, H. microsepalum resprouts from underground buds on rhizomes, and the ramets resume
flowering within 1-2 years (Chapter 2). Unlike the other species, it spreads clonally by thin,
underground rhizomes. Hypericum brachyphyllum is a facultative reseeder/resprouter that
survives low intensity disturbances (clipping) by resprouting from root crowns or germinating
from seed. After high intensity disturbances (fire), it does not resprout. Finally, H. chapmanii
lacks dormant buds that survive disturbances and thus recruits solely from seeds. Both H.
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brachyphyllum and H. chapmanii, but not H. microsepalum, have a large pulse of recruitment
from seeds following disturbances. Furthermore, both H. brachyphyllum and H. chapmanii
require three or more fire-free years to reach reproductive maturity (Chapters 2 and 5).
Therefore, Hypericum species differ in their resistance and resilience to disturbances that remove
aboveground biomass and kill established plants.
Reseeding and resprouting species were segregated along ecoclines in pine savannas.
Differences in distributions of Hypericum species were associated with different microsites along
soil moisture and fire heterogeneity gradients (Chapter 3). Hypericum microsepalum, an obligate
resprouter, had a positive habitat association in upland, dry areas along ecoclines where the last
prescribed fire burned nearly all plots. In contrast, H. brachyphyllum, a facultative
reseeder/resprouter, and H. chapmanii, an obligate reseeder, are most abundant in intermediate
and lowland areas along ecoclines where fire spread becomes increasingly heterogeneous to rare
as soil moisture increases. Therefore, Hypericum species that differ in their responses to fire are
segregated along topographic, soil moisture, and fire gradients.
Hypericum reseeders and resprouters differed in their responses to reciprocal
transplanting along an environmental gradient. Hypericum microsepalum, an obligate
resprouter, was a habitat generalist. It had higher survival in addition to higher fecundity and
sprout production when transplanted down ecoclines from its original habitat into wetter areas
(Chapter 4). Therefore, it should be able to persist in habitats outside of its observed
distribution, including lowland areas where standing water often submerged living plants. In
contrast, H. brachyphyllum, a facultative reseeder/resprouter, and H. chapmanii, an obligate
reseeder, were habitat specialists. They had the greatest survival in their original habitats. Both
species had lower survival and no changes in growth or fecundity when transplanted up or down
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ecoclines from their original habitat. Therefore, H. microsepalum is less limited in its
distribution than H. brachyphyllum and H. chapmanii. Reseeders are likely more sensitive than
resprouters to changes in environmental conditions along ecoclines and thus have a more limited
distribution along environmental gradients.
Recruitment of seedlings was coupled to treatments that created open microsites (i.e.,
removed biomass and litter) or increased nutrients (i.e., ash addition) for the obligate reseeder
and facultative reseeding/resprouter. Therefore, H. chapmanii and H. brachyphyllum do not
require fire to facilitate seedling recruitment (Chapter 5). There were no differences in seedling
density between biomass and litter removal plots and burned plots, thus I infer that heat and/or
smoke are not required to break seed dormancy. Instead, H. chapmanii and H. brachyphyllum
had greater seedling densities in open microsites for three years and one year following
disturbances, respectively. There was also some evidence that nutrient addition increased
seedling densities of both species during the first year. The effect of ash addition on seedling
density was likely short-lived. Therefore, post-disturbance recruitment of seedlings required
only open microsites and not fire specifically.
Fire indirectly facilitated growth of obligate reseeders to the juvenile stage. Hypericum
chapmanii individuals transitioned to the juvenile stage faster following fire as compared to
opening of microsites only (Chapter 5). This conclusion was based on observations that juvenile
H. chapmanii in burn plots were more common at the bases of resprouting grasses and shrubs.
Fires created suitable open microsites for H. chapmanii to recruit from seeds immediately
following fires, as well as promoted the resprouting of plants that later acted to facilitate H.
chapmanii growth. Therefore, fires may facilitate the regeneration of nurse plants, thereby
having an indirect effect on growth of obligate reseeders.
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Persistence and Co-occurrence of Hypericum Reseeders and Resprouters
Fires directly and indirectly facilitated persistence of Hypericum resprouters and
reseeders along pine savanna ecoclines. Hypericum microsepalum, the obligate resprouter,
appeared to lack a dormant seed bank and primarily regenerated by resprouting from
underground buds following disturbances that remove aboveground biomass. Thus, fires
stimulated resprouting, making this species resistant to frequent fires. Both seedling recruitment
and growth of the obligate reseeder and facultative reseeder/resprouter were stimulated by fire.
Hypericum chapmanii and H. brachyphyllum had seedling pulses in open microsites following
fires. Large pulses of seedling recruitment following disturbances may increase the likelihood
that at least some individuals will “reserve” a longer term place in the population. Furthermore,
fires indirectly stimulated transition of H. chapmanii to juveniles by enhancing resprouting of
associated grasses and shrubs. Since fires decreased the amount of time required for H.
chapmanii to reach the juvenile stage, they may also have reduced the time required to reach
reproductive maturity, thus increasing the probability of persisting in habitats with frequent fires.
Therefore, fires increase the likelihood that Hypericum species will persist by increasing the
probability of successful regeneration from underground buds or recruitment from seed.
I propose that heterogeneous fires within high-fire-frequency pine savannas of the
southeastern North America promote co-occurrence of resprouters and reseeders. Fires interact
with soil moisture along pine savanna ecoclines, which results in a fire frequency gradient. Dry,
upland flatwoods experience frequent, less heterogeneous fires, promoting resprouting of H.
microsepalum. As conditions change along ecoclines and soil moisture increases, fires become
increasingly heterogeneous to rare. Hypericum brachyphyllum should be favored in intermediate
habitats with highly heterogeneous fires. This species can survive and resprout and recruit from

134

seeds following low intensity disturbances, but is killed and only recruits from seeds after high
intensity disturbances. Finally, H. chapmanii requires long fire-free periods to recruit from seed
and grow to reproductive maturity. It is thus favored in lowland, cypress depressions where fires
are rare. Therefore, a fire frequency gradient should allow reseeders and resprouters with
differences in fire frequency tolerance to persist and co-occur along the same ecoclines in firefrequented pine savannas.
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APPENDIX A: STUDY SITE AND LOCATION OF PLOTS
B

A

C

Figure A.1. Location (star; A) of the St. Joseph Bay State Buffer Preserve, Gulf County, FL,
and outline (rectangle; B) of study area. Plot locations (C) for Hypericum spp. responses to fire
(Chapter 2; yellow), habitat associations (Chapter 3; green), effects of environmental gradients
on distributions (Chapter 4; red), and effects of fire on recruitment from seedlings (Chapter 5;
yellow).
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APPENDIX B: PHOTOGRAPHS OF HYPERICUM SPP.
HABITS, FLOWERS, AND FRUITS

B

A

D

C

E

Figure B.1. Hypericum microsepalum (A) habit, (B) flower, (C) fruit, (D) open capsule, and (E)
rhizome connecting two ramets (indicated by arrows).
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D

Figure B.2. Hypericum brachyphyllum (A) habit, (B) flower, (C) fruits, and (D) reproductive
adults that survived after a patchy fire.
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D
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Figure B.3. Hypericum chapmanii (A) habit, (B) fruit, (C) flower, and (D) nearly submerged
seedling.
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APPENDIX C: PHOTOGRAPH OF A PINE SAVANNA ECOCLINE

Upland flatwoods

Treeless wet
depression prairie

Lowland cypress
savanna

Figure C.1. Photograph of transition (i.e., ecocline) from upland flatwoods through a treeless
wet depression prairie to a lowland cypress savanna in the St. Joseph Bay State Buffer Preserve.

140

APPENDIX D: HYPERICUM SPP. DENSITY AND
PHYSIOGRAPHIC CHANGES ALONG ECOCLINES

Figure D.1. Bar plot of (A) Hypericum species distribution along a belt transect of 50 1 x 1m
plots. The arrow represents the extent of fire spread during the last prescribed fire (April 2003);
Fire did not progress along the ecocline beyond plot 35. Scatter plots of (B) elevation, (C)
percent soil moisture, and (D) percent canopy cover along the belt transect show the relationship
between Hypericum species distribution and nominal environmental variables.
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Figure D.2. Bar plot of (A) Hypericum species distribution along a belt transect of 50 1 x 1 m
plots. The arrow represents the extent of fire spread during the last prescribed fire (February
2004); Fire did not progress along the ecocline beyond plot 42. Scatter plots of (B) elevation,
(C) percent soil moisture, and (D) percent canopy cover along the belt transect show the
relationship between Hypericum species distribution and nominal environmental variables.
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Figure D.3. Bar plot of (A) Hypericum species distribution along a belt transect of 50 1 x 1 m
plots. The arrow represents the extent of fire spread during the last prescribed fire (March 2004);
Fire did not progress along the ecocline beyond plot 21. Scatter plots of (B) elevation, (C)
percent soil moisture, and (D) percent canopy cover along the belt transect show the relationship
between Hypericum species distribution and nominal environmental variables.
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Figure D.4. Bar plot of (A) Hypericum species distribution along a belt transect of 50 1 x 1 m
plots. The arrow represents the extent of fire spread during the last prescribed fire (February
2005); Fire did not progress along the ecocline beyond plot 34. Scatter plots of (B) elevation,
(C) percent soil moisture, and (D) percent canopy cover along the belt transect show the
relationship between Hypericum species distribution and nominal environmental variables.
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Figure D.5. Bar plot of (A) Hypericum species distribution along a belt transect of 50 1 x 1m
plots in a long unburned management unit. Scatter plots of (B) elevation, (C) percent soil
moisture, and (D) percent canopy cover along the belt transect show the relationship between
Hypericum species distribution and nominal environmental variables.
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APPENDIX E: CLUSTER ANALYSIS WITH RELATIVE ELEVATION
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Figure E.1. Cluster analysis of relative elevation for 250 total belt transect plots located in five sites of the St. Joseph Bay State
Buffer Preserve. Data were normalized and resemblance matrix was assembled using Euclidean distances.

APPENDIX F: PHYSIOGRAPHIC DATA ALONG ECOCLINES
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Figure F.1. Mean values of physiographic measurements (± standard error) in areas along
ecoclines divided into three categories (upland, intermediate, and lowland) based on (A) relative
elevation: (B) calcium; (C) copper; (D) light transmittance; (E) magnesium; (F) soil pH; (G)
phosphorous; (H) potassium; (I) dry season soil moisture; (J) wet season soil moisture; (K)
sodium; (L) sulfur; (M) zinc. Asterisks indicate no significant difference between values from
Tukey HSD pairwise comparisons (P ≤ 0.05).
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APPENDIX G: SIMPLE AND PARTIAL MANTEL TESTS
Table G.1. Results from simple (r) and Partial Mantel (ρ) tests among habitat variables, density of Hypericum species, and distance
matrix. Simple Mantel tests were used to examine the correlation between two distance matrices for three types of data combinations:
1) distance and Hypericum density, 2) distance and each environmental variable, 3) Hypericum density and each environmental
variable. Partial and pure partial Mantel tests were used to measure the partial correlation between two distance matrices while
accounting for the variation in a third matrix. Mantel r coefficients are calculated using the full rather than reduced dimensionality in
multivariate data and are thus small in magnitude (less than 0.05 for all but the strongest relationships). Significance (P ≤ 0.05) was
calculated using Pearson correlations and 9999 permutations. Species and habitat variable matrices were constructed as they were in
the dbRDA analysis, and the space matrix was created using GPS coordinates and Euclidean distances.
Distance (S)a

Density (Y)b

Density/Distancec

Density/* (Pure
Partial)d
ρ XY *
0.052
NS
NS
0.319
0.260
0.040
NS
NS
0.088
NS
NS
0.274

Variable (X)
rXS
P
rXY
P
ρ XY S
P
P
Space
___
___
0.057
0.0001
___
___
0.0002
Calcium
0.043
0.0160
0.032
0.0109
0.030
0.0188
NS
Copper
NSe
NS
NS
NS
NS
NS
NS
Elevation
-0.043
0.0178
0.334
0.0001
0.337
0.0001
0.0001
Fire
0.288
0.0001
0.114
0.0001
0.134
0.0001
0.0001
Light Transmittance
NS
NS
0.116
0.0001
0.116
0.0001
0.0125
Magnesium
0.058
0.0042
0.051
0.0006
0.048
0.0004
NS
pH
NS
NS
0.044
0.0017
0.043
0.0028
NS
Phosphorous
0.051
0.0214
0.130
0.0001
0.127
0.0001
0.0001
Potassium
NS
NS
NS
NS
NS
NS
NS
Sodium
0.142
0.0001
NS
NS
NS
NS
NS
Soil Moisture - Dry
NS
NS
0.229
0.0001
0.295
0.0001
0.0001
Season
Soil Moisture - Wet
-0.052
0.0226
0.113
0.0001
0.116
0.0001
-0.090
0.0001
Season
Sulfur
0.085
0.0011
0.037
0.0254
NS
NS
NS
NS
Zinc
0.080
0.0004
0.039
0.0181
0.035
0.0357
NS
NS
a
Simple Mantel test between space and individual habitat variables.
b
Simple Mantel test between density of Hypericum species and individual habitat variables
c
Partial Mantel test between density of Hypericum species and individual habitat variables after accounting for variation explained by spatial autocorrelation.
d
Pure partial Mantel test between density of Hypericum species and individual habitat variables after accounting for variation explained by spatial autocorrelation
and all other environmental variables.
e
Indicates that mantel coefficients are not significant (two-tailed P > 0.05).
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APPENDIX H: PHOTOGRAPHS OF HYPERICUM CHAPMANII
JUVENILES AND ASSOCIATED NURSE PLANTS
A
C

B

Figure H.1. Grasses resprout more vigorously in (A) BURN than (B) CLIP plots two years
post-treatment. Hypericum chapmanii (circled in yellow) grew to the juvenile stage faster in
BURN than CLIP plots, where they were likely facilitated by nurse plants.
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